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ABSTRACT 

Phytoplankton are at the base of the marine food web and are sensitive indicators of 

environmental change, such as changes to freshwater inflow in estuaries. Because freshwater 

inflows to Texas estuaries are projected to decrease in the coming decades as a result of 

increasing human freshwater demands and climate change, it is critical to understand ecosystem- 

level responses to freshwater inflow variability. This study examined phytoplankton community 

composition and biomass, along with relationships to environmental variables in three Texas 

estuaries with differing freshwater inflow regimes. The estuaries were San Antonio Bay (highest 

inflow levels), Nueces-Corpus Christi Bay (intermediate inflow levels), and Baffin Bay (lowest 

inflow levels). The goal was to understand the impacts of freshwater inflow variability and 

magnitude on phytoplankton dynamics. Baffin Bay had the highest phytoplankton biovolume, 

followed by NC and SA. Higher frequency and magnitude inflows in SA corresponded to overall 

lower biovolume and shifts of biovolume maxima downstream, while infrequent inflows in BB 

were followed by a sustained diatom bloom. Inflows to NC affected only the upper estuary, 

while the lower estuary appeared to be more influenced by ocean exchange. Large, faster- 

growing taxa, such as Rhizosolenia, were observed in greatest abundances in Baffin Bay, while 

slower-growing dinoflagellates dominated in NC and SA. Findings of lower biovolume and 

higher proportion of slow growing taxa in the high inflow estuary, SA, are contrary to our 

understanding based on the available literature and underscore the importance of understanding 

system-specific drivers for effective coastal management. 
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INTRODUCTION 
 

Freshwater inflows influence estuarine ecosystems through physical and chemical 

processes. Freshwater inflows bring new nutrients and sediment loads to estuaries, affecting 

biogeochemical processes (Brock 2001; An and Gardner 2002; Gardner et al. 2006; Bruesewitz 

et al. 2013) and light availability in the water column (Underwood and Kromkamp 1999; 

Azevedo et al. 2014). Additionally, the magnitude of freshwater entering the estuary affects 

mixing, circulation patterns, and hydraulic flushing regimes (Longley 1994; Montagna et al. 

2018). 
 

Phytoplankton are sensitive indicators of environmental change, making them an ideal 

organism to study for system-specific effects of freshwater inflow variability. While riverine 

nutrient loading may stimulate phytoplankton growth (Mallin et al. 1993), high magnitude 

inflows may also limit or reduce biomass accumulation if flushing times approach or exceed 

phytoplankton growth rates (Roelke et al. 2013; Azevedo et al. 2014). Under drought conditions, 

conflicting impacts on phytoplankton growth have been observed. For example, some studies 

have shown that estuarine phytoplankton can become nutrient limited (e.g., Wetz et al. 2011), 

while other studies have shown that phytoplankton growth can continue by utilizing regenerated 

nutrients (Longley 1994; Glibert et al. 2010). Aside from impacts on phytoplankton growth, 

freshwater inflow variability can favor different functional groups depending on the magnitude 

of inflow. For example, under high inflow regimes, large fast-growing taxa such as diatoms or 

motile chlorophytes are often favored, as they can rapidly uptake (and even store) new nutrients 

(Kennish and Paerl 2010; Paerl et al. 2014; Carstensen et al. 2015; Cloern 2017). Under lower 

inflow regimes, nutrient regeneration can occur through both water column processes and 

sediment interface interactions (Glibert et al. 2010), resulting in higher proportions of 
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ammonium and organic N in the water column than in river dominated systems (Burkholder et 

al. 2006; Glibert et al. 2007). These nitrogen forms are advantageous for small picocyanobacteria 

due to high surface area to volume ratios and also to mixotrophic dinoflagellates (Glibert et al. 

2010, Ni Longphuirt et al. 2019), which are also advantaged by longer residence times due to 
 
their slower growth rates (Paerl and Justić 2013). 

 
The effects of inflow also affect salinity regimes, which can affect phytoplankton 

community composition under extreme circumstances because of a lack of tolerance to high 

salinities by many, but not all taxa (Buskey et al. 1997; Hall et al. 2013). Phytoplankton taxa 

vary in their quality as a food source for higher organisms, making community composition 

important for water quality, food web dynamics, and whole ecosystem health (Cloern and 

Dufford 2005; Dorado et al. 2015). Diatoms are generally considered a superior food source 

(Paerl and Justić 2013), although there are exceptions. Grazing on diatoms can be inhibited by 

their morphology, making them unavailable as a food source (Koski et al. 2008), and diet studies 

of zooplankton have shown that a mono-specific diatom diet is inferior to a mixed diet of 

diatoms and cyanobacteria (Schmidt and Jónasdóttir 1997). Cyanobacteria and HAB-forming 

dinoflagellates species are considered poor food sources and can be toxic (Paerl 2006; Landsberg 

et al. 2009). Some cyanobacteria lack dietary lipids that make them less suitable diet items 

(Martin-Creuzberg and von Elert 2009), and toxic strains may cause zooplankton to stop feeding, 

as shown by Lampert (1987) to occur with Microcystis. However, there are also cyanobacteria 

species that are high quality food sources, such as Phormidium sp., which is used as a feedstock 

in aquaculture and performed better than other taxa in a nutritional experiment (Sivakumar et al. 

2011). 
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Along the Texas Gulf Coast, there is a precipitation gradient from northeast to southwest 

(Montagna et al. 2011) that follows the shift from a humid, subtropical climate to an arid climate 

along the coast (Texas Water Development Board 2019). This gradient results in diminishing 

freshwater inflows along the coast, shifting from river-dominated estuaries on the north coast to 

low-inflow hypersaline systems on the south coast. Freshwater inflows are variable at the scale 

of individual bays and are dependent on both short-term weather patterns and long-term climatic 

variation. Under future climate change projections, droughts are expected to occur more 

frequently along the Texas Gulf Coast (IPCC 2014; Environmental Protection Agency 2016). 

Reduction of freshwater availability due to climate change, coupled with increasing freshwater 

demand from rising coastal populations and expanding urban centers (Montagna et al. 2002; 

Roelke et al. 2017; United States Census Bureau 2018), could result in a long-term decrease in 

freshwater inflow to Texas estuaries. This highlights the necessity of understanding how the 

ecology and health of Texas estuaries are affected by freshwater inflow variability. 

In this study, we examined phytoplankton biomass and community composition in three 

Texas estuaries with different inflow regimes – San Antonio Bay, which is river-influenced, 

Nueces-Corpus Christi Bay, considered a neutral estuary, and Baffin Bay, which has no major 

river inflows and is frequently hypersaline. In literature pertaining to ecological impacts of 

freshwater inflow variability on estuaries, river-dominated estuaries tend to be over-represented 

compared to low inflow, lagoonal systems that are still numerically important (Largier 2010; 

Tweedley et al. 2019). The possibility of inflow declines in the future makes it critical to 

understand the functional differences in estuaries under different inflow regimes, particularly 

from a management standpoint. We aimed to evaluate three hypotheses: 1) nutrient 

concentrations and chlorophyll/phytoplankton biomass would be highest in the high inflow 
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estuary, San Antonio Bay, intermediate in Nueces-Corpus Christi Bay, and lowest in Baffin Bay 

as a result of decreasing inflow magnitude, 2) the phytoplankton community would be dominated 

by large and/or fast-growing in San Antonio Bay, with the fraction of small and/or slow-growing 

taxa increasing from Nueces-Corpus Christi Bay to Baffin Bay, and 3) phytoplankton biomass 

will peak at intermediate inflow magnitudes and biomass maxima will shift downstream during 

ephemeral inflow pulses. 

 
 

METHODS 
 

Site Descriptions 
 

Three estuaries were chosen to represent the freshwater inflow gradient on the Texas 

Gulf Coast: San Antonio Bay, Nueces-Corpus Christi Bay, and Baffin Bay. San Antonio Bay 

(SA) is the northernmost of the three estuaries and is fed by the San Antonio and Guadalupe 

Rivers. It receives the highest rates of freshwater inflow of the three estuaries and has a positive 

inflow balance (Montagna et al. 2018). The average depth of SA is 2 m (USEPA 1999), and the 

average residence time is 38 days (Montagna et al. 2011). The SA watershed is dominated by 

agricultural lands and scrub (NOAA C-CAP). SA receives freshwater inflows from the 

Guadalupe and San Antonio rivers, and the watershed encompasses the city of San Antonio, 

which is rapidly expanding (US Census Bureau). The Nueces-Corpus Christi Bay system (NC) 

receives freshwater inflow from the Nueces River, as well as return flows from wastewater 

facilities. Salinity in NC is strongly influenced by exchange with coastal ocean water via a ship 

channel, and inflow balance is often neutral or slightly negative due to high evaporation rates and 

low inflow rates (Montagna et al. 2018). NC is shallow (3 m on average) (USEPA 1999), with 

average residence times of 356 days (Montagna et al. 2011). Land use in the watershed is 
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dominated by agriculture and developed areas (NOAA C-CAP). Baffin Bay (BB) is the 

southernmost of the three estuaries. It is a lagoonal estuary with an average negative inflow rate 

and frequent hypersalinity in the upper reaches of the bay (Wetz et al. 2017). Inflows in BB are 

from ephemeral streams, and the bay often experiences little to no inflows punctuated by periods 

of flooding during El Niño years. Land use coverage in the BB watershed is dominated by 

agriculture, scrub/shrub, and grassland (NOAA C-CAP). 

 
 

Sampling 
 

Monthly sampling was conducted in each bay from March 2018 to July 2019, with the 

exception of April 2019 when BB was not sampled due to inclement weather. Six sites in BB and 

four sites in each SA and NC (Fig. 1) were selected to capture the gradient from river influence 

to ocean exchange. At each site, surface water (0.1 m) was collected in brown HDPE bottles and 

stored on ice for nutrient, carbon, and chlorophyll a analysis. Additional water samples were 

collected in brown HDPE bottles and stored at ambient temperature for phytoplankton 

enumeration. Secchi depth as well as hydrographic depth profiles (every 0.5 m) of DO, pH, 

conductivity, salinity, and temperature were collected using a YSI multiparameter sonde. 

 
 

Biogeochemical Analyses 
 

Inorganic nutrient concentrations (nitrate + nitrite, nitrite, ammonium, orthophosphate, 

and silicate) were determined from the filtrate of water samples that were passed through 25 mm 

GF/F filters and stored frozen (-20 ºC) until analysis. After thawing to room temperature, 

samples were analyzed on a Seal QuAAtro autoanalyzer. Standard curves with five different 

concentrations were run daily at the beginning of each run. Fresh standards were made prior to 
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each run by diluting a primary standard with low nutrient surface seawater. Deionized water 

(DIW) was used as a blank, and DIW blanks were run at the beginning and end of each run, as 

well as after every 8-10 samples to correct for baseline shifts. 

Total dissolved nitrogen (TDN) was determined using the filtrate of water samples that 

were passed through precombusted 25 mm GF/F filters and stored frozen (-20 ºC) until analysis. 

Samples were analyzed using the High Temperature Catalytic Oxidation method on a Shimadzu 

TOC-Vs analyzer with nitrogen module. Standard curves were run twice daily using a DIW 

blank and five concentrations of potassium nitrate. Three to five subsamples were taken from 

each standard and water sample and injected in sequence. Reagent grade glucosamine was used 

as a laboratory check standard and inserted throughout each run, as were Certified Reference 

Material Program (CRMP) deep-water standards of known TDN concentration. Dissolved 

organic nitrogen (DON) was determined by subtracting inorganic nitrogen (ammonium, nitrate + 

nitrite (N+N)) from TDN. 

 
 

Phytoplankton Analyses 
 

Chl a was obtained by filtering (<5 mm Hg) a known volume of water through Whatman 

25 mm GF/F filters (pore size 0.7µm) that were then stored frozen (<-20 ºC) for future analysis. 

Whole water, <20 μm, and <3 μm size fractions were analyzed. <20 and <3 μm size fractions 

were pre-filtered with 20 µm mesh or Whatman GF/D filters (nominal pore size 2.7 µm, referred 

to here as 3 µm). Chl in the microplankton size range (>20 µm) was estimated by subtracting the 

<20 µm Chl from the whole water. Chl in the nanoplankton size range (3-20 µm) was estimated 

by subtracting the <3 µm Chl from the <20 µm Chl. Chl a was extracted from the GF/F filters by 
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soaking in 90% HPLC grade acetone for 16-24 hours. Fluorometric determination of chl a was 

performed with a Turner Trilogy fluorometer without acidification. 

Samples for flow cytometric analysis were fixed with 80 µL glutaraldehyde to 4 mL 

sample water and stored at -20 ºC until analysis. Picoplankton and Aureoumbra lagunensis 

(brown tide) were enumerated on an Accuri C6 Plus flow cytometer. Samples were thawed in the 

dark at room temperature then filtered through 20 µm Nytex mesh. Samples for A. lagunensis 

enumeration then underwent a multistep polyclonal antibody staining process that is specific to 

A. lagunensis. Stained samples were analyzed on the flow cytometer along with unstained 

controls for A. lagunensis enumeration. Filtered unstained subsamples were used to enumerate 

picoplankton. The detection limit for A. lagunensis enumeration was 80,000 cells/mL (Cira and 

Wetz 2019), and values below detection limit were treated as zeros. 

Nano- and microplankton were enumerated using the Utermohl method with samples that 

were preserved with 1 mL acid Lugol’s solution to 60 mL sample water. 5 to 10 mL samples 

were settled for 24 hours and subsequently counted at 20x magnification using an Olympus 1X- 

71 inverted microscope. Transects of settled chambers were counted until a minimum of 100 

cells of the most abundant genera were identified. Volume of sample settled and area of chamber 

counted were used to calculate number of cells per mL for each taxa present. Cell measurements 

were used to calculate biovolume using formulas determined by the geometric shape of cells, as 

described by Hillebrand et al. (1999) and Sun and Liu (2003). When there were conflicts 

between the formulas in these two sources, formulas from Sun and Liu (2003) were utilized 

(additional details in Appendix 1). Due to the difficulty of obtaining a third dimension for some 

taxa, missing cell dimensions were estimated based on relationships observed from cells for 

which all dimensions could be obtained. It is important to note that there are challenges inherent 
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to using biovolume calculations, including the aforementioned issue with estimates of 

dimensions, potential for human error in counting accuracy and the assumptions necessary to 

make these calculations (see Appendix 1). 

 
 

Ancillary Environmental Data 
 

Daily inflow data were obtained from USGS. Gauges from which data were obtained 

were: San Antonio River (#08188500) and Guadalupe River (#08176500) for SA, Nueces River 

(#08211000) for NC, and Los Olmos Creek (#08212400), San Fernando (#08211900), and 

Petronila Creek (#08212820) for BB. Seven-day averages of inflow prior to each sampling date 

were used to represent inflow conditions leading up to each sampling event. This seven-day 

timeframe was chosen based on best methods reported by Roelke et al. (2017). 

Wind speed and precipitation data were obtained from NOAA’s Tides and Currents 

database for SA or National Climate Data Center for NC and BB. Seadrift (station 

US1TXCLH015) was used to represent SA, Corpus Christi NAS (station USW00012926) was 

used to represent NC, and Kingsville NAS (station USW00012928) was used to represent BB. 

 
 

Bay Volume-normalized Biomass Estimates 
 

Estuary volumes were estimated using raster bathymetric data, downloaded from NOAA 

National Centers for Environmental Information using the Estuarine Bathymetric Digital 

Elevation Models for San Antonio Bay, Corpus Christi Bay, and Baffin Bay. Bathymetric data 

were imported into ArcPro (version 2.5), and segments were drawn in the state plane projection 

for Texas-South (NAD 1983 FIPS 4205). Each bay was divided into segments that corresponded 

to each sampling site (Fig. 2) by drawing polygons. Segments were then joined to raster 
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bathymetric data and volume estimated for each segment, followed by the estuary as a whole by 

adding each segment’s volume. Bathymetric data were not available for Nueces Bay 

(encompassing NC1 and NC2), so volumes of the segments corresponding to NC1 and NC2 

were estimated using the average depth of Nueces Bay published by USGS and the surface area 

of the corresponding segments. 

Inflow normalized to bay volume for the 7-d period prior to each sampling were 

calculated by dividing the seven-day prior average inflow for each sampling date by the total 

volume of the bay. Volume adjusted chlorophyll and biovolume for each sampling date in each 

bay were calculated using methods detailed in Peierls et al. (2012). Values for each variable at 

each site were multiplied by the volume of the corresponding segment. These values were then 

summed and divided by the total estuary volume to provide volume-adjusted values for each 

sampling date in each bay. 

 
 

Statistical Analyses 
 

Kendall’s tau correlations were used to determine relationships between phytoplankton 

functional groups or total biovolume and environmental factors. This non-parametric method 

was selected to handle non-normally distributed data with large outliers. Spatial differences in 

variables of interest within and between bays were analyzed using one-way ANOVA with 

appropriate post-hoc tests. Shaffer p-value adjustment was used for unbalanced data, and a 

Westfall p-value adjustment was used for balanced data. Environmental factors assessed include 

salinity, temperature, Secchi depth, ammonium, N+N, orthophosphate, silicate, DOC, DON, 

DIN:DIP, 7-day average discharge, wind speed, 7-day average wind speed, and 7-day total 
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rainfall. For all statistical analyses, functional groups that were absent at any date/site 

combination were treated as zero. All analyses were performed in R 3.6.2. 

 
 

RESULTS 
 

Environmental Conditions and Variability 
 

All three bays experienced a shift from initially dry conditions to wet conditions, 

characterized by increased inflow and lower salinity. In SA and NC, this shift occurred in 

September 2018, while BB experienced increased inflow earlier, beginning in July 2018 (Fig. 3). 

Inflows into BB were episodic in nature and frequently at or near zero. 

Early in the study when inflow was lower, all bays experienced relatively high salinities 

(Fig. 4). During this time, maximum salinity in SA was observed at SA2 (28.1 in June 2018), 

which is closest to ocean exchange. In contrast, maximum salinity in spring and summer 2018 in 

NC and BB occurred at upper estuary sites (37.6 in June 2018 at NC1 and 59.5 in June 2018 at 

BB5). Salinity at SA2 (closest to ocean exchange) was higher than all other sites in this system 

throughout the study period. Site BB6, which is closest to ocean exchange, had the lowest 

salinity of all BB sites when inflows were lowest (average salinity 47.0 ± 2.9 March-June 2018). 

Salinity minimums in all systems were concurrent with higher inflows and occurred at upper 

estuary sites. Secchi depth in SA was relatively shallow during the dry period (0.3 ± 0.1 m; 

March 2018-September 2018), but deeper and more variable throughout the rest of the study 

period (0.4 ± 0.3 m) (Fig. 5). There was also an increase in Secchi depth in NC following the 

increased inflows. Secchi depths were deepest at all sites in NC between January 2019 and 

March 2019, indicating a lagged response from the higher inflows that occurred between October 

2018 and December 2018. Secchi depth in BB was deeper and more variable on average after 
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September 2018 (0.6 ± 0.3 m) than before (0.4 ± 0.1 m). Temperature was highest in July 2018 

(SA: 30.3 ℃, NC: 29.8 ℃, BB: 30.5 ℃) and lowest in the winter (SA: 9.7 ℃ in January 2019, 

NC: 12.4 ℃ in December 2018, BB: 10.6 ℃ in March 2019) in all three systems (Fig. 6). 

In SA, ammonium was highest in March 2018 (25.8 µM at site SA3) and then decreased 

to <15 µM throughout the rest of the study (Fig. 7). Ammonium in SA tended to be highest at 

intermediate salinities (Fig. 8). N+N was lowest in SA from June 2018-September 2018, then 

increased at all sites from October 2018-February 2019, with the maximum of 118.8 µM 

occurring at SA1 in January 2019 (Fig. 9). N+N tended to be highest at the freshwater 

endmember in SA (Fig. 10). DON declined slightly throughout the study, reaching a minimum of 

8.7 µM at SA1 in June 2019 (Fig. 11). Variability in DON appeared to increase as salinity 

decreased, and DON decreased at salinity <5 (Fig. 12). In NC, ammonium and N+N were very 

low throughout the study (1.1 ± 1.5 µM, 0.6 ± 1.0 µM, respectively) (Figs. 7, 9). NC1, located in 

Nueces Bay and closest to the river mouth, experienced higher concentrations and greater 

variability in all nitrogen species than the other sites. However, the range of variability was still 

relatively small, from 0.1 to 11.2 µM for ammonium and 0.1 to 5.5 µM for N+N. Neither 

ammonium nor N+N displayed a clear pattern with salinity in NC (Figs. 8, 10). DON in NC was 

generally highest from May 2018 to October 2018, then decreased from November 2018 to 

February 2019, and finally increased thereafter (Fig. 11). In BB, ammonium concentrations were 

generally <1-2 µM, but episodic increases were observed (Fig. 7). For example, a brief increase 

was observed in June 2018 at all sites. An apparent prolonged increase began in February 2019 

at most sites and concentrations remained elevated through summer 2019. Ephemeral increases 

were also observed at BB1 and BB6. Ammonium generally peaked at intermediate to high 

salinity levels (Fig. 8). N+N concentrations were consistently low among all sites from March 
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2018-November 2018 (Fig. 9). An ephemeral spike in N+N (18.1 µM) was observed at BB1 in 

December 2018. In May 2019, higher N+N concentrations were observed at all sites, but these 

were still <10 µM. There was no clear spatial pattern in DON in BB (Fig. 11). DON 

concentrations in BB were slightly lower from late 2018-early 2019 compared to other periods 

(Fig. 11). DON increased with decreasing salinities from March-September 2018 but appeared to 

decrease with decreasing salinities throughout the rest of the study period (Fig. 12). 

Orthophosphate was highly variable across all sites in SA throughout the study, with the 

exception of a decline to near zero at all sites in Spring 2019 (Fig. 13). Phosphate was highest at 

low salinities and decreased as salinity increased (Fig. 14). Silicate concentrations varied 

considerably (from 26.6 to 301.3 µM), but followed consistent patterns across all sites, with 

concentrations rising to a maximum during fall 2018 (max: 301.1 µM at SA3) and falling to 

minimum (min: 26.6 µM at SA2) in spring 2019 (Fig. 15). Silicate concentrations increased 

towards the freshwater endmember (Fig. 16). In NC, orthophosphate and silicate increased from 

September-November 2018 concurrent with increased inflows (Figs. 13,15). Both analytes 

tended to increase towards the freshwater endmember (Figs. 14, 16). In BB, orthophosphate was 

≤ 1 µM at all sites until June 2018, when concentrations increased at BB1 and remained elevated 

throughout the rest of the study (Fig. 13). Orthophosphate concentration at BB5 reached a 

baywide maximum of 8.2 µM in November 2018, but concentrations were < 1.5 µM for the rest 

of the study. In general, phosphate appeared to increase with decreasing salinities, especially at 

BB1 (Fig. 14). Silicate increased from March-October 2018, then declined sharply at all sites 

until reaching a minimum of 4.5 µM at BB3 in December 2018 (Fig. 15). Silicate increased 

again through February 2019, after which concentrations dropped and remained relatively low 

throughout the rest of the study. Silicate tended to increase with decreasing salinities (Fig. 16). 
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In SA, potential nutrient limitation was variable across sites and time (Fig. 17). P- 

limitation occurred at SA1 in winter 2018/2019 and spring 2019, and at SA3 in March 2018 and 

January 2019. A switch from N to P limitation at SA4 in September 2018 resulted from a decline 

in orthophosphate. NC was strongly N-limited throughout the study (Fig. 17). DIN:DIP was 

above the Redfield ratio of 16:1 at only two time points at site NC4 (April 2018 and February 

2019). All other sites consistently had DIN:DIP ratios below 10:1. Most sites in BB were N- 

limited until May 2019 when all sites except BB1 became strongly P-limited (Fig. 17). This P- 

limitation regime persisted through July 2019. Neither SA nor NC experienced silicate limitation 

during this study (Fig. 18). DIN:silicate ratios in BB were generally low, indicating N limitation. 

An increase in DIN:silicate ratios was observed in all BB sites in December 2018, although only 

BB1 was >1, indicative of Si limitation. 

 
 

System-specific Responses to Freshwater Inflow Variability 
 

Volume-adjusted total biovolume and chlorophyll in SA did not exhibit clear patterns 

with normalized discharge, although peaks were noted at intermediate salinities (Figs. 19-20). 

Total biovolume was positively correlated with salinity and negatively correlated with 7-day 

average discharge (Table 1). Total biovolume was also positively correlated with temperature 

and wind speed, and negatively correlated with ammonium, N+N, and orthophosphate (Table 1). 

Volume-adjusted diatom biovolume in SA reach a peak at intermediate inflows (around 2x10-7) 

and then declined thereafter (Fig. 21). Volume-adjusted dinoflagellate biovolume increased with 

increasing normalized discharge until discharge exceeded 2x10-7, at which point biovolume 

dropped and remained lower until finally increasing again when discharge exceeded 6x10-7 (Fig. 

22). However, no correlations were found between 7-day lag discharge and any of the functional 
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groups evaluated (diatoms, dinoflagellates, Synechoccocus, and Mesodinium) (Table 1). Diatom 

and dinoflagellate biovolume were positively correlated with salinity (Table 1). Diatom 

biovolume was negatively correlated with orthophosphate and silicate. Dinoflagellate biovolume 

was negatively correlated with ammonium, N+N, and orthophosphate and positively correlated 

with temperature and Secchi depth. Synechococcus biovolume was negatively correlated with 

N+N and positively correlated with temperature and wind speed, and Mesodinium was positively 

correlated with orthophosphate. 

Volume-adjusted total biovolume in NC increased with increasing normalized discharge 

(Fig. 23). Total biovolume was positively correlated with salinity and DON (Table 2). Volume- 

adjusted total chlorophyll initially increased with increasing normalized discharge then plateaued 

as normalized discharge approached 5x10-9 before declining at the highest discharge value (Fig. 

24). Volume-adjusted diatom biovolume in NC rapidly increased until normalized discharge 

approached 5x10-9, at which point diatom biovolume steadily declined (Fig. 25). Contrary to the 

trends observed in diatom biovolume, volume-adjusted dinoflagellate biovolume in NC 

increased as normalized discharge increases, although the rate of increase slowed once 

normalized discharge exceeded 5x10-9 (Fig. 26). Diatom biovolume was positively correlated 

with salinity and 7-day total rainfall and negatively correlated with orthophosphate, DOC, and 7- 

day lag discharge (Table 2). Dinoflagellate biovolume was positively correlated with DON, 

DOC, temperature, and wind speed. Synechococcus biovolume was positively correlated with 

ammonium, orthophosphate, silicate, DON, DOC, temperature, and wind speed. Mesodinium 

biovolume was positively correlated with orthophosphate. N+N and 7-day average wind speed, 

and Secchi depth did not correlate with any of the functional groups examined or total biovolume 

in NC. 
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Volume-adjusted total biovolume in BB rapidly increased with increasing normalized 

discharge and then declined, approaching initial values, once normalized discharge values 

exceeded 1x10-9 (Fig. 27). The same trends were observed between volume-adjusted total 

chlorophyll and normalized discharge (Fig. 28). Total biovolume was positively correlated with 

7-day average discharge and negatively correlated with ammonium, silicate, DON, temperature 

and wind speed (Table 3). Volume-adjusted diatom biovolume rapidly increased with increasing 

normalized discharge until discharge approached 1x10-9, at which point diatom biovolume 

decreased (Fig. 29). Volume-adjusted dinoflagellate biovolume also increased rapidly with 

increasing normalized discharge until discharge approached 1x10-9 (Fig. 30). However, 

dinoflagellate biovolume reached a maximum when normalized discharge was around 2x10-9 and 

declined moderately thereafter. Diatom biovolume was negatively correlated with salinity, 

orthophosphate, silicate, and temperature (Table 3). Dinoflagellate biovolume was positively 

correlated with N+N, temperature, and wind speed and negatively correlated with 7-day average 

wind speed. Synechococcus biovolume was positively correlated with salinity, silicate, 

temperature, and wind speed and negatively correlated with ammonium, 7-day lag discharge, and 

7-day average wind speed. Mesodinium was positively correlated with 7-day lag discharge and 

negatively correlated with salinity, silicate, temperature, and wind speed. 

Interbay Differences in Nutrient Concentrations and Chlorophyll/Phytoplankton Biomass 

Ammonium concentrations were significantly higher in SA (4.3 ± 4.9 µM) and BB (3.9 ± 
 
3.8 µM) than NC (1.1 ± 1.5 µM) (Table 4). N+N concentrations were significantly higher in SA 

(22.2 ± 27.5 µM) than NC (0.6 ± 1.0 µM) or BB (1.5 ± 2.3 µM), and significantly higher in BB 

than NC (Table 4). DON concentrations in BB (65.7 ± 9.8 µM) were significantly higher than SA 
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(34.4 ± 9.6 µM) or NC (34.3 ± 8.9 µM). Phosphate concentrations were significantly higher in SA 

(3.2 ± 2.4 µM) than NC (1.5 ± 2.0 µM) or BB (0.8 ± 1.1 µM), and significantly higher in NC than 

BB. Silicate concentrations were significantly higher in SA (149.5 ± 60.5 µM) than NC (101.6 ± 

95.5 µM) or BB (99.4 ± 55.6 µM), but there was no significant difference between NC or BB. 

DIN:DIP was significantly higher in BB (40.8 ± 119.2) than NC (2.6 ± 4.3) or SA (12.1 ± 19.5), 

and significantly higher in SA than NC. DIN:Si was significantly higher in SA (0.19 ± 0.22) than 

in BB (0.11 ± 0.22), which was significantly higher than NC (0.02 ± 0.02) (Table 4). 

Chlorophyll a concentrations were significantly higher in SA (16.9 ± 11.7 µg/L) and BB 

(18.5 ± 3.4 µg/L) than in NC (9.5 ± 3.5 µg/L) (Figs. 31-33, Table 4), but not significantly 

different between SA and BB. Total phytoplankton biovolume in NC and SA were similar, while 

total biovolume in BB was significantly higher than both by over one order of magnitude (Table 

4). 

 
 

Interbay Differences in Phytoplankton Community Composition 
 

In SA, total chlorophyll a concentration was dominated by nanoplankton (3-20 µm) (73.1 
 
± 16.3%) (Fig. 31). Picoplankton (<3 µm size class) were not a major contributor to total 

chlorophyll a concentrations at any site in SA throughout the study (9.8 ± 6.5%) (Fig. 31). All 

sites in NC were dominated by nanoplankton for most of the study (67.8 ± 18.5%), with a higher 

contribution of microplankton (>20 µm) to total chlorophyll during winter 2018/2019 in all sites 

(Fig. 32). Contributions of picoplankton to total chlorophyll a were greatest at NC1 (12.7 ± 

8.2%), which is located in Nueces Bay and closest to the river mouth. Picoplankton were present 

at lower levels at the other three sites, with the exception of April 2018 at NC1 and NC2, when 

picoplankton constituted 28% and 54%, respectively, of total chlorophyll. Seasonality in 
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chlorophyll a size fractions was apparent in BB (Fig. 33). Spring and summer were characterized 

by dominance of nanoplankton (74.2 ± 12.9%), while the contribution of microplankton to total 

chlorophyll increased in fall and winter (46.5 ± 27.3%) over spring and summer (14.9 ± 11.2%). 

Picoplankton concentrations were highest in March and April 2018 at BB1 and BB2 (max 10.6 

µg/L), which corresponded to the presence of brown tide. 

Overall, the percentage of chlorophyll in the microplankton fraction was significantly 

lower in SA (17.4 ± 16.9%) than NC (23.9 ± 18.3%) and BB (29.2 ± 23.2%), but no significant 

difference was found between NC and BB (Table 4). The percentage of chlorophyll in the 

nanoplankton size class was significantly lower in BB (62.3 ± 21.1%) than in SA (73.1 ± 16.3%) 

and NC (67.8 ± 18.5%), but no significant difference was found between SA and NC (Table 4). 

The percentage of chlorophyll in the picoplankton was not significantly different between bays 

(Table 4). 

Dinoflagellates often represented a major component of phytoplankton community 

composition in SA (Fig. 34). This was most pronounced in summer and fall 2018. High diatom 

biovolume was observed in March 2019, and picocyanobacteria increased at all sites from May 

2019-July 2019. Phytoplankton community composition at SA3 did not follow the same trends 

as the other three sites. At this site, dinoflagellates were minor components of phytoplankton 

biovolume (11.2 ± 13.2%), and winter months were characterized by dominance of Mesodinium 

rubra (max 94.0% in January 2019). Community composition in NC was dominated by diatoms 

from March 2018-August 2018 (Fig. 35). A shift from diatom or mixed communities to 

dinoflagellate-dominated communities began in August 2018. The highest dinoflagellate 

biovolume in NC1 was observed in September 2018 (1.2x106 µm3/mL), with Gyrodinium sp. as 

the dominant taxa in dinoflagellate community composition. The highest dinoflagellate 
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biovolume at NC3 (4.4x106 µm3/mL) and NC4 (1.1x106 µm3/mL) occurred a few months later in 

November 2018. Dinoflagellate community composition at these sites were also dominated by 

Gyrodinium sp. when biovolume was highest. In December 2018, NC2, NC3, and NC4 shifted 

from dinoflagellate-dominated to diatom-dominated. This shift occurred later in NC1, in January 

and February 2019. Summer 2019 (May-July 2019) was characterized by low total biovolume 

and higher biovolume of picocyanobacteria relative to previous months. In BB, the lowest 

biovolume occurred at all sites during summer months and early fall (May 2018-October 2018 

and May 2019-July 2019), when community composition consisted of brown tide, 

picocyanobacteria, and relatively low biovolume of diatoms (Fig. 36). High diatom biovolume 

characterized the phytoplankton community at all sites during December 2018 and at all sites 

except BB2 during November 2018. Diatom blooms reach a maximum biovolume of 7.8 x108 

µm3/mL at BB4 in December 2018. In January 2019, diatom biovolume decreased at all sites and 

total biovolume decreased at all sites except BB5 where a Euglena bloom occurred. Euglena 

biovolume was 3.4 x107 µm3/mL, which was 99.9% of total biovolume at this site. Diatom 

abundance increased at all sites in March 2019 but decreased again by May 2019. 

Picocyanobacteria displayed relatively low biovolume at all sites in summer-fall 2018 and 

summer 2019, and they were not an important contributor to total biovolume during the winter 

months. 

Overall, diatoms constituted a significantly lower percentage of biovolume in SA (25.1 ± 

29.8%) than in NC (40.3 ± 33.7%) (Table 4). Percentage of biovolume as diatoms in BB (38.3 ± 

40.5%) was not significantly different from the other two bays. Dinoflagellates were a 

significantly smaller percentage of total phytoplankton biovolume in BB (12.4 ± 16.7%) than in 

SA (22.4 ± 25.2%) and NC (19.7 ± 21.5%). There were no site-specific differences in total 
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biovolume or diatom or dinoflagellate contribution to biovolume within any of the bays (Tables 

5-7). 

 
 

DISCUSSION 
 

Phytoplankton are sensitive indicators of environmental change because of their ability to 

rapidly respond to changes in nutrient regimes, light, turbulence, and other environmental factors 

(Paerl et al. 2007; Lemley et al. 2016). This, as well as their position at the base of the estuarine 

food web, highlights the importance of understanding phytoplankton responses to large-scale 

environmental drivers such as freshwater inflow variability. Freshwater inflow influences 

nutrient regimes and flushing times in estuaries, with higher inflows generally equating to higher 

external nutrient loads and shorter flushing times. These two factors exert opposing controls on 

the growth of phytoplankton communities. Higher nutrient inputs stimulate phytoplankton 

growth, while increased flushing can limit biomass accumulation through displacement (Peierls 

et al. 2012; Azevedo et al. 2014). Higher inflows may also increase sediment loading, which 

could result in decreased light availability in the water column, introducing the potential for light 

limited growth as well (Lancelot and Muylaert 2011). Projected climatic changes on the Texas 

Gulf Coast indicate drier conditions over the next century, which will lead to reduced freshwater 

inflows to Texas estuaries (Montagna et al. 2002; Environmental Protection Agency 2016). 

Increasing freshwater demands from population growth in coastal areas are likely to exacerbate 

the effects of this freshwater inflow reduction (Montagna et al. 2013). These changes could 

impose stress on estuarine ecosystems by starving estuarine primary producers of limiting 

nutrients, and thereby negatively affecting food available to higher trophic levels (e.g., Nixon 
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2003). This oligotrophication has also been shown to cause a shift in phytoplankton community 

composition to favoring HAB species in other estuaries (Collos et al. 2009). 

Over the course of the study, base inflow rates were highest in SA, followed by NC and 

BB. There were at least seven inflow events to SA where river discharge exceeded 100 m3s-1, 

compared to two in NC and one in BB. These observations are consistent with historical inflow 

conditions that exist because of a gradient of decreasing precipitation from the northern estuary 

(SA) to the southern estuary (BB) (Longley 1994; Montagna et al. 2018). As a result of this 

inflow gradient as well as high evaporation rates to the south, salinities were lowest on average 

in SA, intermediate in NC, and highest in BB. 

Consistently higher concentrations of N+N, orthophosphate, and silicate were found in 

SA and likely resulted from the greater contribution of riverine nutrient inputs into this system. 

Higher inflow magnitude in SA throughout the study and higher concentrations of these nutrients 

at upper estuary sites in SA support this conclusion. Ammonium concentrations were 

approximately 4-fold higher in SA and BB than NC. Ammonium vs. salinity plots for both SA 

and BB indicate that the ammonium is likely derived from internal regeneration at intermediate 

salinities, consistent with previous work in these systems demonstrating the importance of 

regenerated N (Longley 1994). In addition, previous work has shown that dissimilatory nitrate 

reduction to ammonium (DNRA) rates can be quite high under higher salinity conditions, such as 

those found in Baffin Bay at times (An and Gardner 2002; Gardner et al. 2006). This would aid 

in the retention and availability of ammonium. DON concentrations in BB were approximately 

2- fold higher than in SA or NC, where they were roughly equivalent. Previous work has also 

demonstrated this phenomenon and attributed it to excessive nutrient loading in the watershed 

(Wetz et al. 2017; Montagna et al. 2018). DON vs. salinity plots for BB show increasing DON at 
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lower salinities for dates up to and including the first significant rainfall event in summer 2018 

(March to September 2018), but show a decreasing DON trend at lower salinities using dates 

after October 2018. We attribute this to a classic “first flush” effect, where the initial rainfall 

washed in DON that had accumulated in the watershed, whereas the next significant rainfall led 

to a dilution effect. Similar to what occurred during the secondary high rainfall period in BB, 

DON appears to decrease at lower salinities in SA, suggesting that a fraction of the DON in the 

bay is internally produced and may be diluted at high flows/low salinities. In NC, DON 

increased briefly during the wet fall of 2018, but the DON rapidly decreased thereafter, likely 

due to remineralization. 

Before discussing differences between estuaries in terms of phytoplankton indicators, it is 

important to note that chlorophyll and phytoplankton biovolume patterns were occasionally 

inconsistent with one another, both within and between estuaries. For example, chlorophyll was 

high and equivalent between SA and BB, and lower in NC on average. Yet despite the high 

chlorophyll in SA, biovolume was relatively low in SA, especially when compared to BB. 

Interestingly, although chlorophyll was nearly 2-fold higher in SA than NC, biovolume was 

nearly equivalent between the two systems. One possibility for the apparent equivalence in 

biovolume between NC and SA, but higher chlorophyll in SA, is that the taxonomic makeup of 

the phytoplankton community favored cells with higher chlorophyll content in SA. This would 

be consistent with previous work showing that chl:C or chl:cell differs between taxa (Lewitus et 

al. 2005; Yacobi and Zohary 2010; Álvarez et al. 2017). However, here we found no clear 

relationship between the dominant functional group and chlorophyll to biovolume patterns in SA 

(data not shown). Another possibility is that the underwater light environment led to the 

inconsistent patterns of chlorophyll and biovolume. It has long been known that the amount of 
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chlorophyll per cell increases under light-limited conditions (Lewitus et al. 2005; Reynolds 

2006). The shallow Secchi depth in SA compared to the other estuaries offers support to the 

light-limitation hypothesis. In addition, the ratio of Chl:biovolume was highest in SA and lowest 

in BB, also supporting the notion that light limitation may have been more pronounced in SA. 

Finally, the relatively high prevalence of dinoflagellates in SA also supports this, as many 

dinoflagellate taxa employ mixotrophy that allows them to persist in low light conditions (Jones 

et al. 1995; Stoecker 1999). Studies in other systems with relatively high freshwater inflow have 

also shown occasional to persistent light limitation of phytoplankton growth due to inputs of 

light-absorbing allochthonous organic matter (Gameiro et al. 2011; Andersson et al. 2018). 

Additional work is clearly needed on the chlorophyll to biovolume disparity observed here, as it 

confounds our understanding of inflow-phytoplankton relationships, especially given the large 

differences in chlorophyll observed between these estuaries that were not reflected in biovolume 

measurements. These findings also indicate that chlorophyll, which is perhaps the most widely 

used indicator of nutrient and algal biomass enrichment in coastal monitoring programs, should 

not be relied on as direct evidence of algal biomass per se. 

Despite the noted inconsistencies between chlorophyll and biovolume, some key patterns 

were observed. Both chlorophyll and phytoplankton biovolume were lowest on average in NC, 

highest in BB, and inconsistent (high chlorophyll, lower biovolume) for SA. Aside from the role 

of light availability, consideration must be given to the availability of nitrogen (N) for these 

large-scale differences. N has been argued to be the main phytoplankton growth limiting nutrient 

in many Texas estuaries (Örnólfsdóttir et al. 2004; Wetz et al. 2017). As noted above, SA had 

relatively high inorganic N concentrations throughout the study due to consistently higher inflow 

levels as well as internal regeneration. Likewise, BB had relatively high DON concentrations, 
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some of which is accessible to mixotrophic phytoplankton (Wetz et al. 2017). New work has also 

indicated the potential for high rates of photoammonification in BB, which would further 

increase bioavailability of the DON (H. Abdulla, unpubl. data). In addition, previous work has 

shown that internal ammonium regeneration rates can be quite high in BB (Gardner et al. 2006), 

providing a continuous N source for blooms. In contrast, persistent N-limitation is likely in NC, 

as noted by the very low N:P ratio and the previously discussed low inorganic N levels, even 

during/after flood events. 

Correlation analyses revealed short-term relationships (either at lags of 7 d or 

instantaneous) between phytoplankton biovolume and environmental factors. In terms of 

relationships with freshwater inflow, phytoplankton biovolume was negatively correlated with 

inflow in SA, showed no correlation in NC, and was positively correlated in BB. In SA, where 

inflows were consistently higher and the magnitude of episodic pulses was higher, biomass 

accumulation at upper estuary sites may have initially been limited by higher flushing rates. This 

finding is consistent with another study of SA that found the upper bay to be rapidly flushed with 

inflow pulses (Roelke et al. 2017). Additionally, previous research has shown that maximum 

biovolume accumulates further downstream in estuaries when inflows are high (Mallin et al. 

1993; Roelke et al. 2017), which is consistent with the site-specific differences seen here 

(Fig.37). Highest biomass in SA occurred lower in the estuary at a lag from the decline at upper 

estuary sites, supporting the conclusion that increased flushing rates altered the spatial patterns of 

biomass accumulation. 

In NC, rapid assimilation of freshwater-derived nutrients near the river mouth may 

explain the lack of correlation between total biovolume and inflows in the system as a whole. 

The low nutrient concentrations observed here are consistent with those reported in Turner et al. 
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(2015), who also demonstrated low inorganic N concentrations over the course of a year at 

several sites in Corpus Christi Bay. Even though the flood conditions that were observed during 

late 2018 caused a noticeable drop in salinities of NC, there was little to no discernible effect on 

inorganic N concentrations in either Nueces or Corpus Christi Bay. This suggests that external N 

loads to the system were quickly removed from the water column. There was a sharp increase in 

phytoplankton biomass at the upper Corpus Christi Bay site (NC3) in October to December 

2018. However, we would have also expected higher phytoplankton biomass further upstream in 

Nueces Bay if phytoplankton uptake was a factor in the lack of apparent increase in inorganic N 

concentrations downstream. Instead, phytoplankton biomass decreased at the Nueces Bay sites 

during the wet/low salinity period, leaving us to speculate that any riverine inorganic N loads to 

NC are rapidly denitrified. Prior work by Gardner et al. (2006) showed that the relative 

importance of denitrification (an N removal pathway) compared to DNRA (an N retention 

pathway) increased at lower salinities in Texas estuaries. Likewise, Bruesewitz et al. (2013) 

showed that in nearby Copano Bay, denitrification rates increased following storm events and 

indicated that the estuary was a net sink for N during high inflow conditions. 

The positive correlation between inflows and total biovolume in BB was a reflection of 

the rapid increases in total biovolume that were observed in response to inflow pulses. 

Interestingly, the volume-normalized discharge rates that stimulated phytoplankton biomass 

accumulation in BB were much lower than in SA. It is possible that a smaller freshwater inflow 

pulse may be required for an impact on phytoplankton growth in BB because its watershed 

streams are more eutrophic than those of the other estuaries (Wetz, unpubl. data from Texas 

Commission on Environmental Quality). Additionally, higher retention times in BB due to lack 

of ocean exchange may allow for both biomass accumulation and maintenance of the high 
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biomass due to internal nutrient cycling. Extended blooms lasting months to years are common 

in lagoonal estuaries where they are sustained by regenerated forms of nutrients (Glibert et al. 

2010). 

While the correlation analyses resolved instantaneous or short-term relationships between 

biovolume and environmental factors, plots of biovolume and inflow normalized to estuary 

volume offer a glimpse at the larger-scale impact of inflows. SA and BB experienced a biomass 

peak at intermediate inflows, while biovolume continuously increased with discharge in NC. In 

other estuaries, biovolume peaks have been observed at intermediate inflows for two apparent 

reasons. In many cases, riverine-derived nutrients are sufficient, but flushing is not so high as to 

prevent biomass accumulation at intermediate inflows (Peierls et al. 2012; Azevedo et al. 2014; 

Paerl et al. 2014). Others have shown that circulation patterns under moderate inflows balance 

opposing forces of tidal flux into the estuary and freshwater inflow out of the estuary, such that 

cells are retained in the estuary (Cloern et al. 1983). Minimal tidal ranges (<0.2m) on the Texas 

coast likely rule out the possibility of tidal forcing as a reason for this observation, and the 

highest flushing rates observed are still below typical phytoplankton growth rates (Örnólfsdóttir 

et al. 2004). In SA, light limitation under relatively high inflows may have been responsible for 

the decline in total biovolume at higher inflow rates. It is less likely that this was the driver of 

biovolume declines in BB, as Secchi depth generally deepened or was unchanged following 

ephemeral inflows. Another possible driver of declining biomass under higher inflows in BB is 

an increase in grazing pressure (Buskey et al. 1997), although this was not explored in this study. 

In contrast, the volume-normalized comparison showed continuously increasing total 

biovolume versus inflows in NC. This relationship appears to be driven by dinoflagellate 

biovolume, which seemed to increase in a logarithmic manner with volume-normalized 
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discharge, not only in NC but also in the other two estuaries. The observed dinoflagellate trend is 

contrary to our general understanding of dinoflagellates as slow growers that would be 

disadvantaged by short residence times associated with high freshwater inflows (Hart et al. 

2015). Previous studies of inflow effects on community composition have found dinoflagellates 

to be inversely related to inflows (Roelke et al. 2013) and to be favored when vertical mixing is 

limited (Dorado et al. 2015). Nonetheless, there are some studies that have shown dinoflagellate 

blooms associated with high inflows. This has been attributed to density-driven stratification that 

favors dinoflagellates (Cohen 1985; Garcon et al. 1986), resuspension of cysts from sediments 

(Cohen 1985), or advection of oceanic taxa into the estuary in bottom water flowing upstream 

(Cloern et al. 1983; Malone et al. 1988). Strong salinity stratification in NC occurred at upper 

estuary sites (NC1 and NC2) during periods of high inflows, but stratification did not extend to 

lower estuary sites (NC3 and NC4) where high dinoflagellate biovolume was observed. This 

suggests that either resuspension of cysts or advection into the estuary were more likely drivers 

of the dinoflagellate bloom observed in NC. Nutrient stimulation of dinoflagellate growth can 

also be ruled out given that most of the biomass accumulation occurred in the lower estuary, 

which did not directly receive riverine nutrient inputs and showed no obvious increase in 

nutrients with increasing flows. 

The percentage of biovolume as diatoms was lowest in SA, which was not expected 

given the higher magnitude inflows and prevalence of inflow pulses in this system. Estuaries 

with shorter residence times, on the order of days to weeks, typically favor faster-growing taxa 

such as diatoms, while longer residence times, on the order of months to years, favor large slow- 

growing dinoflagellates (Hart et al. 2015). In addition, diatoms can take advantage of a short- 

term freshwater inflow/nutrient pulse events due to their high nutrient uptake rates (Paerl et al. 
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2014). Pulsed inflows, as opposed to continuous inflow, have been shown to increase the 

proportion of diatoms in phytoplankton community composition (Örnólfsdóttir et al. et al. 2004; 

Miller et al. 2008). With this in mind, we hypothesized that diatoms would be favored in SA, 

while slower growing taxa would be favored in NC or BB. However, dinoflagellates were more 

common in SA, and diatom blooms in SA were short-lived. Dinoflagellates are adapted to 

assimilate ammonium (Ni Longphuirt et al. 2019), and the higher ammonium concentrations in 

SA early in the time series may have favored these taxa over others. Diatoms, which 

preferentially utilize nitrate (Ni Longphuirt et al. 2019), dominated only when N+N 

concentrations were highest. Additionally, community composition in SA included some 

freshwater taxa, particularly in the fall and winter, that were not observed in the other systems 

and likely originated in the river. When inflows were highest, total biovolume at SA3, closest to 

river inflow, was low and community composition was dominated by Mesodinium. Winter 

community dominance by Mesodinium has been observed in other estuaries (Sanders 1995; 

Johnson et al. 2013). However, temperature alone must not have been the only contributing 

factor in Mesodinium abundance in SA, as high abundances of Mesodinium were not seen in the 

other two systems during cooler temperatures. Relatively high inorganic nitrogen concentrations 

(Sanders 1995) and temperatures around 15℃ (Taylor et al. 1971) have both been shown to 

favor high abundances of Mesodinium. These conditions were observed in SA while Mesodinium 

dominated community composition, but they do not explain their outcompetition of diatoms 

since diatoms often proliferate when riverine nutrients are replete, particularly nitrate, and have 

wide ranges for optimal temperature (Carstensen et al. 2015). Cloern et al. (1994) found that 

Mesodinium and some dinoflagellates displayed nonseasonal growth patterns related to short- 

term weather conditions which included warm, sunny days and calm winds. It is possible that 
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similar drivers are responsible here, however finer resolution meteorological and phytoplankton 

data is needed to understand potential relationships between these factors. None of the functional 

groups in SA correlated with inflows despite a negative correlation with total biovolume, 

indicating that the inflow regime did not consistently favor one group over another. 

The largest diatom blooms were observed in BB and consisted mainly of Rhizosolenia sp. 
 
These blooms occurred in the winter following ephemeral inflows when nutrient-enriched 

conditions promoted preferential growth of large, solitary diatom cells (Lancelot and Muylaert 

2011; van de Poll et al. 2013; Carstensen et al. 2015). Concurrent with higher inflows into BB, 

silicate increased at all sites and began declining once the diatom bloom formed. It is possible 

that nutrient loadings from ephemeral inflows stimulated the diatom bloom, then once inflows 

ceased cells were not advected out of the estuary but continued to proliferate while nutrients 

were still plentiful due to internal recycling (Lancelot and Muylaert 2011). Additionally, the 

timing of the bloom in winter indicates that grazing pressures may have been lower, as 

zooplankton grazing is often differentially affected by lower temperatures compared to diatoms 

(Murrell et al. 2002; Rose and Caron 2007). The large cell size of Rhizosolenia sp. may also 

make it a poor prey item for the grazers that remained, allowing it to flourish when other species 

could not (Fahnenstiel et al. 1995; Strom et al. 2007). Large Rhizosolenia blooms have been 

observed before in BB. Buskey et al. (2001) observed a community succession pattern in BB that 

was characterized by a decline in brown tide (A. lagunensis) to low or background levels, a 

Rhizosolenia bloom, then dominance by Synechococcus after the Rhizosolenia bloom subsided. 

This succession pattern was observed here as well, at least in terms of organismal abundances. 

However, Synechococcus did not reach the high biomass levels of the Rhizosolenia bloom. 

Persistent brown tide blooms of A. lagunensis have proliferated in the past (Buskey et al. 2001; 
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Wetz et al. 2017), but A. lagunensis was observed here in only low biomass and only at upper 

estuary sites early in the study. The disappearance of brown tide from BB was likely due to a 

decline in salinity, which allowed other taxa to outcompete (Buskey et al. 1998). Overall, 

seasonality appears to be an important driver of phytoplankton community composition in BB, as 

temperature was a highly significant driver for all functional groups examined. The high summer 

temperatures in particular may favor cyanobacteria and/or dinoflagellates. Strong relationships 

between Synechococcus and temperature have been observed before, both in other ecosystems 

(Agawin et al. 1998; Phlips et al. 1999; Moisan et al. 2010) and in laboratory studies (Fu et al. 

2007). The positive relationship with wind speed is confusing however, as it conflicts with other 

studies. For example, Synechococcus blooms in Florida Bay were associated with a change in 

wind direction, but not in wind magnitude (Phlips et al. 1999), and in ocean studies 

Synechococcus abundance declined following wind-driven surface mixing events (van den Engh 

et al. 2017). Dinoflagellate blooms have also been previously associated with higher 

temperatures (Cloern et al. 2005; Carstensen et al. 2015), although they tend to be associated 

with lower wind and water column stability as well (Cloern et al. 2005). In this instance, the 

positive relationship with wind speed may simply be an artifact of higher winds co-occurring 

with higher temps, as wind speed tends to be highest in summer in this region. 

Results from this study have implications for understanding and projecting impacts of 

long-term reductions in freshwater inflow that have been observed on the central Texas coast. In 

the case of NC, long-term decreases in inflow have led to increases in salinity and a decrease in 

chlorophyll (Montagna and Palmer 2012; Kim et al. 2014; Palmer and Montagna 2015; Bugica et 

al. 2020). Also, relatively low phytoplankton biovolume and chlorophyll was observed here. The 

consequences are unclear, although studies in other systems have shown that this 
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oligotrophication can lead to reductions in upper trophic level production (Nixon et al. 2003). As 

observed in our study, it appears that riverine N inputs to NC are rapidly removed prior to having 

an impact on the bay itself. It is worth speculating on potential future impacts of lower 

inflows/higher salinities in NC. One possibility is the oligotrophication noted above. However, 

an alternate future is also possible. Specifically, previous work showing that the relative 

importance of denitrification to DNRA decreases with increasing salinity is relevant. This 

increasing importance of DNRA with increasing salinities would conceivably increase 

ammonium availability and N retention in the system. This then could lead one to speculate that 

NC may see less effective denitrification/more effective DNRA in the future under decreasing 

inflow scenarios, causing it to become more sensitive to external loads. This is important given 

the rapid urbanization and growing influence of stormwater and wastewater-derived nutrients in 

the system (Rebich et al. 2011). Further work is clearly needed, given that the negative effects of 

nutrient retention are already manifesting in the other low inflow estuary, BB. In BB, watershed 

nutrients brought in during episodic inflow events appear to cause rapid, lasting bloom 

development and changes in phytoplankton community composition. However, as noted by a 

long-term increase in chlorophyll and nutrients in the system (Wetz et al. 2017), the system 

appears to be ineffective at removing these nutrients over longer timescales. Furthermore, dense 

and/or prolonged blooms of A. lagunensis (brown tide) using organic and/or recycled nutrients 

during lower rainfall conditions cause harm to the ecosystem overall (see e.g., Wetz et al. 2017). 

Drier conditions in the future may lead to more estuaries experiencing similar conditions to BB, 

with periods of hypersalinity and extended blooms resulting from internal recycling of riverine 

nutrients received during episodic inflows. The differing responses of each of these ecosystems 
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to freshwater inflow highlight the importance of system-specific management plans and 

consistent monitoring programs in coastal estuaries. 
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FIGURES 
 

Figure 1. Map of sample sites in each estuary. 
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Figure 2. Maps of bathymetry and segments used to calculate volume and normalized variables. Bathymetric data were not available 
for Nueces Bay (NC1 and NC2), so published average depth was used for to calculate volume for those segments. 
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Figure 3. Mean daily river discharge for A) Guadalupe and San Antonio Rivers into San Antonio Bay, B) Nueces River into Nueces- 
Corpus Christi Bay, and C) Petronila, Los Olmos, and San Fernando Creeks into Baffin Bay. 
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Figure 4. Salinity at each site from March 2018-July 2019. 
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Figure 5. Secchi depth at each site from March 2018-July 2019. 
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Figure 6. Temperature at each site from March 2018-July 2019. 
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Figure 7. Ammonium concentrations at each site from March 2018-July 2019. 
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Figure 8. Ammonium concentrations over salinity for each site and sample date. 
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Figure 9. N+N concentrations for each site from March 2018-July 2019. 
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Figure 10. N+N concentrations over salinity for each site and sample date. 
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Figure 11. DON concentrations for each site from March 2018-July 2019. 
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Figure 12. DON concentrations over salinity for each site and sample date. BB concentrations are split across two plots to show 
different behaviors in the first half of the study (March-September 2018) and in the second half of the study (October 2018-July 
2019). 
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Figure 13. Orthophosphate concentrations for each site from March 2018-July 2019. 
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Figure 14. Orthophosphate concentrations over salinity for each site and sample date. 
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Figure 15. Silicate concentrations for each site from March 2018-July 2019. 
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Figure 16. Silicate concentrations over salinity for each site and sample date. 
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Figure 17. DIN:DIP ratio for each site from March 2018-July 2019. Dotted line represents the Redfield ratio of 16:1. 
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Figure 18. DIN:Si ratio for each site from March 2018-July 2019. Dotted line represents 1:1 ratio. 
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Figure 19. San Antonio Bay volume-adjusted total phytoplankton biovolume, plotted on a natural 
log scale, over hydraulic flushing rate. 

 
 

 
Figure 20. San Antonio Bay volume-adjusted total chlorophyll a over hydraulic flushing rate. 
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Figure 21. San Antonio Bay volume-adjusted diatom biovolume, plotted on a natural log scale, 
over hydraulic flushing rate. 

 
 

Figure 22. San Antonio Bay volume-adjusted dinoflagellate biovolume, plotted on a natural log 
scale, over hydraulic flushing rate. 
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Figure 23. Nueces-Corpus Christi Bay volume-adjusted total phytoplankton biovolume, plotted 
on a natural log scale, over hydraulic flushing rate. 

 

Figure 24. Nueces-Corpus Christi Bay volume-adjusted total chlorophyll a over hydraulic 
flushing rate. 
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Figure 25. Nueces-Corpus Christi Bay volume-adjusted diatom biovolume, plotted on a natural 
log scale, over hydraulic flushing rate. 

 

 
Figure 26. Nueces-Corpus Christi Bay volume-adjusted dinoflagellate biovolume, plotted on a 
natural log scale, over hydraulic flushing rate. 



66  

 

 
 

Figure 27. Baffin Bay volume-adjusted total phytoplankton biovolume, plotted on a natural log 
scale, over hydraulic flushing rate. 

 

Figure 28. Baffin Bay volume-adjusted total chlorophyll a over hydraulic flushing rate. 
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Figure 29. Baffin Bay volume-adjusted diatom biovolume, plotted on a natural log scale, over 
hydraulic flushing rate. 

 

Figure 30. Baffin Bay volume-adjusted dinoflagellate biovolume, plotted on a natural log scale, 
over hydraulic flushing rate. 
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Figure 31. San Antonio Bay size-fractionated chlorophyll a by site from March 2018-July 2019. 
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Figure 32. Nueces-Corpus Christi Bay size-fractionated chlorophyll a by site from March 2018- 
July 2019. 
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Figure 33. Baffin Bay size-fractionated chlorophyll a by site from March 2018-July 2019. 
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Figure 34. San Antonio Bay phytoplankton biovolume by functional groups from March 2018- 
July 2019. 
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Figure 35. Nueces-Corpus Christi Bay phytoplankton biovolume by functional group from 
March 2018-July 2019. 



73  

 

 
 

Figure 36. Baffin Bay phytoplankton biovolume by functional group from March 2018-July 
2019. 
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Figure 37. Contour plot showing spatial and temporal patterns in total phytoplankton biovolume in San Antonio Bay, interpolated 
from the measured values using a loess model in R. Values on the y-axis are the calculated distances of each of the sampling sites 
from the river mouth. Total biovolume is measured in µm3 mL-1. 



75  

 

TABLES 
 
Table 1. Kendall’s tau correlation results between phytoplankton total and functional group biovolume and environmental variables in 
SA. Highlighted variables indicate significant correlations (α=0.05). 

 

 Diatoms Dinoflagellates Synechoccocus Mesodinium Total Biovolume 
 tau p-value tau p-value tau p-value tau p-value tau p-value 

Salinity 0.219 0.009 0.238 0.004 0.090 0.280 -0.111 0.195 0.282 0.001 

Ammonium (µM) 0.018 0.828 -0.300 <0.001 -0.155 0.063 0.109 0.201 -0.260 0.002 

N+N (µM) -0.160 0.054 -0.361 <0.001 -0.456 <0.001 0.142 0.097 -0.497 <0.001 

PO4 (µM) -0.174 0.036 -0.226 0.007 -0.142 0.087 0.234 0.006 -0.326 <0.001 

Silicate (µM) -0.288 0.001 -0.084 0.314 0.081 0.333 0.084 0.327 -0.121 0.144 

DON (µM) -0.039 0.637 0.007 0.933 0.110 0.187 0.088 0.301 0.024 0.775 

DOC (µM) -0.068 0.417 0.029 0.733 0.119 0.156 0.095 0.269 0.035 0.677 

Temperature (℃) -0.088 0.292 0.175 0.036 0.544 <0.001 -0.050 0.549 0.218 0.009 

7-day lag discharge 
(m3/sec) 

 
-0.109 

 
0.199 

 
-0.110 

 
0.196 

 
0.050 

 
0.560 

 
-0.001 

 
0.991 

 
-0.161 

 
<0.001 

Wind speed (kn) 0.134 0.127 0.054 0.538 0.333 <0.001 0.048 0.597 0.216 0.014 

7-day lag wind 
speed (kn) 

 
0.133 

 
0.143 

 
-0.124 

 
0.171 

 
0.068 

 
0.458 

 
0.049 

 
0.600 

 
0.007 

 
0.939 

7-day lag rainfall 
(in) 0.006 0.945 -0.029 0.734 0.160 0.061 0.007 0.936 0.006 0.941 

Secchi depth (m) -0.101 0.247 0.206 0.019 -0.166 0.058 -0.099 0.271 0.068 0.434 
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Table 2. Kendall’s tau correlation results between phytoplankton total and functional group biovolume and environmental variables in 
NC. Highlighted variables indicate significant correlations (α=0.05). 

 
 Diatoms Dinoflagellates Synechoccocus Mesodinium Total Biovolume 
 tau p-value tau p-value tau p-value tau p-value tau p-value 

Salinity 0.274 0.001 0.072 0.387 0.061 0.465 -0.118 0.188 0.169 0.041 

Ammonium (µM) -0.118 0.153 0.076 0.364 0.204 0.014 -0.041 0.648 0.031 0.711 

N+N (µM) -0.040 0.630 0.004 0.966 0.062 0.455 -0.064 0.479 -0.033 0.691 

PO4 (µM) -0.201 0.015 0.039 0.644 0.223 0.008 0.188 0.036 0.070 0.397 

Silicate (µM) -0.135 0.104 0.133 0.114 0.263 0.002 0.154 0.087 0.159 0.055 

DON (µM) -0.095 0.253 0.183 0.029 0.386 <0.001 0.134 0.136 0.217 0.009 

DOC (µM) -0.169 0.041 0.186 0.026 0.371 <0.001 0.124 0.166 0.144 0.083 

Temperature (℃) -0.106 0.205 0.276 0.001 0.476 <0.001 0.097 0.283 0.069 0.412 

 
7-day lag discharge 
(m3/sec) 

 
-0.184 

 
0.030 

 
0.115 

 
0.177 

 
0.163 

 
0.055 

 
0.170 

 
0.064 

 
0.069 

 
0.100 

Wind speed (kn) 0.119 0.177 0.216 0.016 0.373 <0.001 0.064 0.503 0.139 0.116 

7-day lag wind 
speed (kn) 

 
0.084 

 
0.335 

 
-0.061 

 
0.492 

 
-0.013 

 
0.880 

 
-0.103 

 
0.278 

 
-0.084 

 
0.335 

7-day lag rainfall 
(in) 0.179 0.047 0.041 0.653 -0.108 0.233 0.164 0.094 0.073 0.422 

Secchi Depth (m) -0.057 0.510 0.019 0.826 -0.104 0.234 -0.002 0.986 -0.033 0.704 
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Table 3. Kendall’s tau correlation results between phytoplankton total and functional group biovolume and environmental variables in 
BB. Highlighted variables indicate significant correlations (α=0.05). 

 
 Diatoms Dinoflagellates Synechoccocus Mesodinium Total Biovolume 
 tau p-value tau p-value tau p-value tau p-value tau p-value 

Salinity -0.142 0.040 0.126 0.072 0.320 <0.001 -0.315 <0.001 -0.052 0.449 

Ammonium (µM) 0.080 0.251 -0.016 0.822 -0.156 0.025 0.144 0.054 -0.188 0.007 

N+N (µM) 0.031 0.655 0.214 0.002 0.133 0.055 -0.083 0.267 0.060 0.386 

PO4 (µM) -0.148 0.033 0.033 0.636 0.062 0.374 -0.047 0.533 -0.051 0.459 

Silicate (µM) -0.428 <0.001 0.106 0.130 0.261 <0.001 -0.225 0.003 -0.180 0.009 

DON (µM) -0.131 0.059 -0.024 0.729 0.086 0.218 -0.075 0.314 -0.210 0.002 

DOC (µM) -0.080 0.248 -0.118 0.092 0.069 0.319 -0.081 0.280 -0.022 0.747 

Temperature (℃) -0.319 <0.001 0.358 <0.001 0.522 <0.001 -0.355 <0.001 -0.159 0.022 
 
7-day lag 
discharge (m3/sec) 

 
0.057 

 
0.409 

 
-0.067 

 
0.338 

 
-0.144 

 
0.037 

 
0.227 

 
0.002 

 
0.058 

 
0.038 

Wind speed (kn) -0.133 0.061 0.150 0.038 0.287 <0.001 -0.401 <0.001 -0.148 0.037 
 
7-day lag wind 
speed (kn) 

 
0.111 

 
0.108 

 
-0.196 

 
0.005 

 
-0.152 

 
0.028 

 
0.016 

 
0.828 

 
-0.039 

 
0.574 

7-day lag rainfall 
(in) -0.083 0.236 0.022 0.754 -0.105 0.135 -0.032 0.670 -0.030 0.671 

Secchi Depth (m) 0.078 0.294 -0.001 0.989 -0.114 0.127 0.067 0.404 0.056 0.451 
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Table 4. Between bay one-way ANOVA results and mean ± SD for environmental and biomass variables. Different letters (a.b.c) 
indicate significant differences between bays, as determined by Shaffer post-hoc tests. Variables with the same letter are not 
significantly different. Asterisk (*) indicates explanatory variable was log-transformed to meet assumptions of normality. 

 
 SA NC BB 
 Mean ± SD Shaffer 

result Mean ± SD Shaffer 
result Mean ± SD Shaffer 

result 
Ammonium (µM) 4.25 ± 4.93 a 1.05 ± 1.51 b 3.89 ± 3.79 a 
N+N (µM) * 22.23 ± 27.50 a 0.61 ± 1.04 b 1.50 ± 2.26 c 
Orthophosphate (µM) 
* 3.23 ± 2.39 a 1.46 ± 2.00 b 0.75 ± 1.12 c 

Silicate (µM) 149.46 ± 60.51 a 101.56 ± 95.54 b 99.38 ± 55.56 b 
DOC (µM) 360.58 ± 77.96 a 364.96 ± 121.42 a 762.20 ± 104.44 b 
DON (µM) 34.44 ± 9.56 a 34.29 ± 8.88 a 65.69 ± 9.78 b 
DIN:DIP * 12.13 ± 19.47 a 2.59 ± 4.32 b 40.78 ± 119.20 c 
DIN:Si * 0.19 ± 0.22 a 0.02 ± 0.02 b 0.11 ± 0.22 c 
Secchi depth (m) 0.4 ± 0.3 a 0.7 ± 0.4 b 0.5 ± 0.3 c 
total Chl (µg/L) * 16.88 ± 11.73 a 9.49 ± 3.46 b 18.54 ± 3.40 a 
Chl %microplankton 
* 17.36 ± 16.93 a 23.85 ± 18.31 b 29.19 ± 23.21 b 

Chl %nanoplankton 73.07 ± 16.27 a 67.77 ± 18.45 a 62.28 ± 21.09 b 
Chl %picoplankton 9.77 ± 6.46 a 8.61 ± 7.92 a 8.91 ± 6.00 a 
total biovolume 
(µm3/mL) * 

1.02x106 ± 
1.25x106 a 8.64x105 ± 

8.57x105 a 1.36x107 ± 
8.42x107 b 

Biovolume %diatoms 
* 25.05 ± 29.76 a 40.30 ± 33.68 b 38.26 ± 40.45 a,b 

Biovolume 
%dinoflagellates * 22.40 ± 25.21 a 19.67 ± 21.50 a 12.40 ± 16.66 b 
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Table 5. SA site-specific one-way ANOVA results and mean ± SD for environmental and biomass variables. Different letters (a.b.c) 
indicate significant differences between bays, as determined by Westfall post-hoc tests. Variables with the same letter are not 
significantly different. Asterisk (*) indicates explanatory variable was log-transformed to meet assumptions of normality. 

 
 SA1 SA2 SA3 SA4 

 Mean ± SD Westfall 
result Mean ± SD Westfall 

result Mean ± SD Westfall 
result Mean ± SD Westfall 

result 
Ammonium 
(µM) 5.45 ± 5.28 a 1.95 ± 2.48 a 5.40 ± 6.27 a 4.21 ± 4.46 a 

N+N (µM) 38.26 ± 34.57 a 6.12 ± 10.06 b 27.21 ± 28.18 a,c 17.31 ± 21.83 b,c 

Orthophosphate 
(µM) 4.20 ± 2.51 a 1.81 ± 1.59 b 4.15 ± 2.53 a 2.76 ± 2.11 a,b 

Silicate (µM) 173.11 ± 54.88 a 109.12 ± 41.32 b 170.93 ± 65.62 a 144.66 ± 58.92 a,b 

DOC (µM) 347.29 ± 70.35 a 329.43 ± 51.21 a 412.87 ± 101.39 b 350.90 ± 56.71 a 

DIN:DIP 19.75 ± 27.40 a 4.99 ± 6.35 a 14.35 ± 24.03 a 9.43 ± 9.50 a 

DON (µM) 32.60 ± 11.12 a 32.55 ± 6.46 a 39.64 ± 9.43 a 32.99 ± 9.49 a 

total Chl (µg/L) 19.33 ± 15.06 a 14.45 ± 8.24 a 14.80 ± 8.03 a 18.95 ± 13.96 a 

Chl % 
microplankton 14.07 ± 17.13 a 21.18 ± 15.59 a 10.30 ± 7.08 a 23.89 ± 22.09 a 

Chl % 
nanoplankton 77.75 ± 16.31 a 69.46 ± 15.01 a 77.64 ± 11.38 a 67.42 ± 19.87 a 

Chl % 
picoplankton 8.93 ± 4.86 a 9.36 ± 5.63 a 12.08 ± 9.45 a 8.69 ± 4.76 a 

total biovolume 
(µm3/mL) 

7.88x105 ± 
9.41x105 a 1.41x106 ± 

1.54x106 a 7.03x105 ± 
7.54x105 a 1.17x106 ± 

1.54x106 a 

Biovolume % 
diatoms * 15.64 ± 22.67 a 32.96 ± 33.78 a 32.45 ± 30.53 a 19.16 ± 29.27 a 

Biovolume % 
dinoflagellates * 22.56 ± 25.56 a 26.59 ± 26.66 a 11.19 ± 13.19 a 29.25 ± 30.24 a 
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Table 6. NC site-specific one-way ANOVA results and mean ± SD for environmental and biomass variables. Different letters (a.b.c) 
indicate significant differences between bays, as determined by Westfall post-hoc tests. Variables with the same letter are not 
significantly different. Asterisk (*) indicates explanatory variable was log-transformed to meet assumptions of normality. 

 
 NC1 NC2 NC3 NC4 
 Mean ± SD Westfall 

result Mean ± SD Westfall 
result Mean ± SD Westfall 

result Mean ± SD Westfall 
result 

Ammonium 
(µM) 1.65 ± 2.55 a 0.57 ± 0.55 a 1.09 ± 1.09 a 0.90 ± 0.93 a 

N+N (µM) * 1.70 ± 1.66 a 0.27 ± 0.18 b 0.24 ± 0.12 b 0.25 ± 0.17 b 
Orthophosphate 
(µM) 2.76 ± 2.43 a 1.68 ± 2.51 a,b 0.80 ± 1.03 b 0.60 ± 0.66 b 

Silicate (µM) 186.67 ± 118.31 a 109.83 ± 95.28 b 57.87 ± 44.47 b 51.87 ± 27.47 b 

DOC (µM) 463.07 ± 136.35 a 371.15 ± 
117.46 b 301.38 ± 

79.15 b 324.23 ± 
82.22 b 

DIN:DIP 1.63 ± 1.58 a 1.54 ± 2.29 a 2.33 ± 1.66 a 4.87 ± 7.75 a 

DON (µM) 41.71 ± 9.00 a 34.42 ± 7.99 b 29.21 ± 6.00 b 31.83 ± 7.57 b 

total Chl (µg/L) 11.13 ± 3.67 a 9.99 ± 3.25 a 8.12 ± 3.55 a 8.71 ± 2.79 a 
Chl % 
microplankton 17.54 ± 13.70 a 23.46 ± 20.54 a 28.07 ± 19.07 a 26.35 ± 19.04 a 

Chl % 
nanoplankton 69.78 ± 13.41 a 66.51 ± 23.55 a 66.46 ± 17.72 a 68.32 ± 19.22 a 

Chl % 
picoplankton 12.68 ± 8.19 a 10.04 ± 11.57 a,b 5.47 ± 3.36 b 6.25 ± 3.76 b 

total biovolume 
(µm3/mL) * 

8.04x105 ± 
7.74x105 a 8.28x105 ± 

7.94x105 a 8.69x105 ± 
1.31x106 a 9.51x105 ± 

6.43x105 a 

Biovolume % 
diatoms 33.05 ± 26.39 a 46.39 ± 38.43 a 29.38 ± 30.66 a 52.40 ± 35.33 a 

Biovolume % 
dinoflagellates 17.38 ± 16.03 a 17.60 ± 20.71 a 24.25 ± 28.51 a 19.42 ± 19.99 a 
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Table 7. BB site-specific one-way ANOVA results and mean ± SD for environmental and biomass variables. Different letters (a.b.c) 
indicate significant differences between bays, as determined by Westfall post-hoc tests. Variables with the same letter are not 
significantly different. Asterisk (*) indicates explanatory variable was log-transformed to meet assumptions of normality. 

 
 BB1 BB2 BB3 BB4 BB5 BB6 
 Mean ± 

SD 

West- 
fall 

result 

Mean ± 
SD 

West- 
fall 

result 

Mean ± 
SD 

West- 
fall 

result 

Mean ± 
SD 

West- 
fall 

result 

Mean ± 
SD 

West- 
fall 

result 

Mean ± 
SD 

West- 
fall 

result 
Ammonium 
(µM) * 

3.85 ± 
2.28 a 4.46 ± 

4.92 a 4.35 ± 
4.58 a 3.55 ± 

3.74 a 3.08 ± 
3.38 a 4.03 ± 

3.74 a 

N+N (µM) * 2.76 ± 
4.43 a 0.96 ± 

0.80 a 1.52 ± 
2.01 a 1.48 ± 

1.88 a 1.32 ± 
1.20 a 0.93 ± 

0.74 a 

Orthophos- 
phate (µM) 

1.98 ± 
1.22 a 0.45 ± 

0.30 b 0.36 ± 
0.19 b 0.39 ± 

0.20 b 0.96 ± 
1.98 b 0.38 ± 

0.33 b 

Silicate 
(µM) 

100.84 ± 
67.06 a 122.21 ± 

50.71 a 100.21 ± 
47.64 a 96.21 ± 

58.09 a 95.92 ± 
58.51 a 80.91 ± 

49.65 a 

DOC (µM) 841.30 ± 
74.53 a 868.65 ± 

110.94 a 729.56 ± 
57.47 b 724.31 ± 

60.19 b 738.92 ± 
71.93 b 670.45 ± 

90.46 b 

DIN:DIP * 5.06 ± 
4.79 a 31.12 ± 

47.98 a 76.61 ± 
219.03 a 54.72 ± 

154.38 a 37.03 ± 
90.22 a 40.15 ± 

68.29 a 

DON (µM) 67.94 ± 
9.98 a 68.94 ± 

11.94 a 61.80 ± 
9.08 a 62.78 ± 

6.87 a 68.28 ± 
8.12 a 64.37 ± 

10.84 a 

total Chl 
(µg/L) * 

19.95 ± 
14.58 a 25.15 ± 

15.44 a 14.64 ± 
10.80 a 16.18 ± 

7.67 a 17.90 ± 
15.06 a 17.45 ± 

14.53 a 

Chl %micro 
plankton * 

19.33 ± 
16.40 a 20.33 ± 

19.49 a 31.93 ± 
20.01 a 33.47 ± 

23.03 a 33.41 ± 
26.03 a 36.68 ± 

29.35 a 

Chl %nano 
plankton 

69.82 ± 
15.53 a 71.04 ± 

18.99 a 59.55 ± 
17.14 a 58.08 ± 

19.14 a 58.69 ± 
23.55 a 56.47 ± 

27.94 a 

Chl %pico 
plankton 

10.85 ± 
7.40 a 8.63 ± 

5.23 a 8.52 ± 
5.15 a 8.44 ± 

5.98 a 7.90 ± 
5.60 a 9.14 ± 

6.80 a 

total 
biovolume 
(µm3/mL) * 

2.94x106 
±    

3.93x106 

 
a 

2.45x106 
±    

2.84x106 

 
a 

5.29x106 
±    

8.09x106 

 
a 

5.23x107 
±    

1.94x108 

 
a 

5.10x106 
±    

8.56x106 

 
a 

5.91x106 
±    

8.48x106 

 
a 
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Biovolume 
%diatoms * 

35.16 ± 
36.90 a 10.83 ± 

26.92 b 50.17 ± 
42.20 a 48.36 ± 

42.50 a 39.64 ± 
42.58 a 45.37 ± 

41.42 a 

Biovolume 
dinoflag- 
ellates * 

9.30 ± 
12.37 

 
a 6.08 ± 

14.70 

 
a 13.82 ± 

16.25 

 
a 15.16 ± 

18.40 

 
a 17.86 ± 

23.07 

 
a 12.18 ± 

12.41 

 
a 
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APPENDICES 
 
Appendix 1. Formulas and assumptions used in biovolume calculations. 

 

Genus Shape Formula Source Assumptions and 
Comments 

Amphiprora elliptic prism Sun and Liu (2003)  

 
Asterionella 

 
cylinder (girdle view) + 
cone 

 Combined two shape 
formulas to match 
observed 
morphology 

Ceratium furca ellipsoid 2 cones 
cylinder Sun and Liu (2003)  

 
Ceratium fusus 

 
prolate spheroid + 2 
cylinders 

 Applied formula 
for Cylindrotheca due 
to morphological 
similarity 

 
Chaetocerous 

 
elliptic prism 

 
Sun and Liu (2003) 

Depth assumed to 
equal 1/5 width 
unless otherwise 
noted 

Chattonella cone halfsphere Sun and Liu (2003)  
Chroomonas cone halfsphere Sun and Liu (2003)  

Cochlodinium prolate spheroid Hillebrand et al. 
(1999) 

 

Cylindrotheca prolate spheroid + 2 
cylinders 

Hillebrand et al. 
(1999) 

Assumed spine width 
equal to 1 µm 

Desmodesmus prolate spheroid Sun and Liu (2003) Applied formula for 
Scenedesmus 

Dinophysis ellipsoid Sun and Liu (2003)  
Diplopsalis cone halfsphere Sun and Liu (2003)  
Ditylum prism triangle Sun and Liu (2003)  
Euglena cone halfsphere cylinder Sun and Liu (2003)  

Fibrocapsa prolate spheroid Hillebrand et al. 
(1999) 

 

Gonyaulax double cone Hillebrand et al. 
(1999) 

 

Guinardia cylinder (girdle view) Sun and Liu (2003) Applied formula for 
Leptocylindrus 

 
 
Gymnodinium 

 
 
ellipsoid 

 
 
Sun and Liu (2003) 

G. sanguineum depth 
dimension assumed 
to equal ¼ width 
unless otherwise 
noted 

Gyrodinium ellipsoid Sun and Liu (2003)  
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Hemiaulus elliptic prism  
Sun and Liu (2003) 

Applied formula for 
Odontella 

 
Hermesium 

 
double cone 

 Selected shape 
formula based on 
observed 
morphology 

Heterocapsa double cone Hillebrand et al. 
(1999) 

 

Karenia ellipsoid Sun and Liu (2003)  
 
 
Katodinium 

 
 
cylinder cone 

 
 
Hillebrand et al. 
(1999) 

Assumed cylinder 
portion equal to 2/3 
total length and cone 
portion equal to 1/3 
total length unless 
otherwise noted 

Leptocylindrus cylinder (girdle view) Sun and Liu (2003)  

Levanderina ellipsoid  
Sun and Liu (2003) 

Applied formula for 
Gymnodinium 

 
Licmophora 

 
gomphonemoid 

 
Sun and Liu (2003) 

Assumed depth and 
width dimensions 
equal unless 
otherwise noted 

 
Myrionecta 

 
ellipsoid 

 
Sun and Liu (2003) 

Selected formula 
based on 
morphology 

Navicula elliptic prism Sun and Liu (2003)  

Nitzschia rectangular box Hillebrand et al. 
(1999) 

 

Odontella elliptic prism Sun and Liu (2003)  

Oxyphysis 2 cones Hillebrand et al. 
(1999) 

 

Oxyrrhis prolate spheroid Hillebrand et al. 
(1999) 

 

Peridinium ellipsoid Sun and Liu (2003)  
Pleurosigma elliptic prism Sun and Liu (2003)  
Polykrikos ellipsoid Sun and Liu (2003)  

 
Prorocentrum 

 
ellipsoid 

 
Sun and Liu (2003) 

Exceptions made for 
certain species, see 
below 

 
Prorocentrum 
micans 

 
cone halfsphere 

 
Hillebrand et al. 
(1999) 

Depth assumed to 
equal 2/5 width 
unless otherwise 
noted 

Protoperidinium double cone Sun and Liu (2003) Species-specific 
exceptions noted in 
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   Hillebrand et al. 
(1999) 

Pseudonitzschia rectangular box Hillebrand et al. 
(1999) 

 

Pyramimonas cone Sun and Liu (2003)  

Pyrodinium ellipsoid Hillebrand et al. 
(1999) 

 

Rhizosolenia cylinder (girdle view) Sun and Liu (2003)  
Scenedesmus prolate spheroid Sun and Liu (2003)  
Scrippsiella cone halfsphere Sun and Liu (2003)  
Skeletonema cylinder 2 halfspheres Sun and Liu (2003)  

 
Thalassionema 

 
rectangular box 

 
Sun and Liu (2003) 

Depth assumed to 
equal 0.05 x width 
unless otherwise 
noted 

Thalassiosira cylinder Sun and Liu (2003)  
 


