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ABSTRACT

Tidal streams are spatiotemporally varying areas that encompass tidally influenced limnetic and oligohaline
zones within estuaries. These areas are important for many biogeochemical processes and for the life cycles of
many fishery species. However, tidal streams are also susceptible to impairment from coastal development and
watershed-derived runoff, which potentially affects faunal assemblages within the ecosystem. This study
developed indices of biotic integrity (IBIs) for nekton and benthic macroinfauna in tidal streams along the
southern Texas coast. Fifteen tidal stream sites with mean salinities ranging from 0.4 to 11.9 were classified as
degraded if their surrounding land use was > 20 % urban or agricultural, watershed population density was > 50
km~2, and nutrient and chlorophyll concentrations exceeded specific screening limits. Otherwise, sites were
classified as reference. Nekton and benthic macroinfauna communities were then sampled at these fifteen stream
sites in 2020 and 2021. Historical metrics and metrics derived from multivariate analyses were considered for
inclusion in the IBIs, and were assessed for collinearity, redundancy, suitability for score assignment, and
agreement with historical literature. Nine univariate nektonic metrics (including total abundance, number of
invertebrate taxa, and the percent abundance of five species, one family, and one functional group) and six
benthic macroinfauna metrics (including Shannon’s diversity, total abundance and biomass, and the percent
abundance of two taxa and one functional group) were incorporated into separate nektonic and benthic IBIs.
Mean IBI scores of reference sites were greater than degraded sites by 42 % for nekton and 30 % for benthic
macroinfauna. Seven out of eight reference sites had greater mean nekton IBI scores than the mean scores of all
seven degraded sites, while four of eight reference sites had greater benthic IBI scores than all degraded sites.
However, overlap in the ranges of scores calculated for degraded and reference sites occurred, which is likely
caused by spatiotemporal variability, including stream size variation and the changing climatic and biogeo-
graphical gradient along the southern Texas coast. The IBIs developed in this study represent an important
preliminary step in bioassessment development for Texas tidal streams, and will help to provide a useful tool for
coastal environmental management.

1. Introduction

safe recreation in coastal areas are also being threatened. Important
ecosystem services, such as those provided by healthy fisheries (Houde

Human development in coastal areas has fundamentally changed the
structure and functioning of estuarine systems (Kennish, 2002; Lotze
et al., 2006). Overexploitation of coastal resources, habitat destruction,
and eutrophication are linked to increased development and have
affected estuarine faunal biodiversity, trophic structure, and habitat
utilization, among other ecological effects (Beach, 2002; Lotze et al.,
2006; Freeman et al., 2019). Costs of development are not limited to the
faunal communities that utilize estuaries — human health, industry, and
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and Rutherford, 1993) and shoreline-protecting habitats (Chowdhury
et al.,, 2021), are being depleted, and health concerns, including
degraded water quality (Freeman et al., 2019) and toxic algal blooms
(Anderson, 2009), are becoming more prevalent. Today, the Gulf of
Mexico is the fastest growing coastal region in the United States of
America (USA), with a population growth rate of 26.1 % between 2000
and 2017 (Cohen, 2019). Resource managers can better assess the
ecological impacts of the rapid development in Gulf of Mexico coastal
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areas by utilizing bioassessment tools (Karr, 1981).

Across the Gulf of Mexico and broader USA, resource managers have
developed robust physicochemical monitoring programs to assess
anthropogenic impacts on water quality. However, more recent shifts to
incorporate ecological health (=integrity) into assessment of water
bodies have identified a need to also develop standardized bio-
assessment protocols (Karr, 1991; Latham, 2010). The inherent spatio-
temporal variation in estuarine systems has posed problems for resource
managers developing bioassessment protocols (Elliott and Quintino,
2007; Tweedley et al., 2015). Tidal streams — tributaries situated in the
most upstream portion of estuaries that span from tidally influenced
limnetic (salinity < 0.5) to oligohaline (salinity 0.5 - 5.0) waters
(McLusky, 1993; Jones et al., 2020) — are particularly dynamic portions
of the estuary. Various characteristics of tidal streams can complicate
the development of bioassessment strategies for these systems. Firstly,
these systems are generally understudied within estuaries compared to
both the upstream freshwater and the downstream, more saline zones
(McLusky, 1993). Secondly, the response of tidal stream biota to
anthropogenic stress can be difficult to detect because of natural, wide-
ranging spatiotemporal variation which may lead to natural stress on
organisms within the ecosystem (Elliott and Quintino, 2007; Mabe and
Moring, 2008; Tolan and Nelson, 2009; Barendregt and Swarth, 2013).
Lastly, coastal development along tidal streams has made pristine con-
ditions nearly impossible to define; rather, tidal streams often exist
along a continuum of degradation with no clear baseline conditions
(Barendregt and Swarth, 2013). Because of the latter two characteristics,
tidal streams often lack sensitive indicator species that, in other systems,
are usually relied upon to identify areas of degradation (Tolan and
Nelson, 2013). Therefore, a more holistic approach is needed for bio-
assessment of tidal stream systems.

Despite factors that may complicate the development of a bio-
assessment protocol for tidal streams, management of these systems is of
interest because of their ecological and economic importance, and sus-
ceptibility to degradation. Tidal stream ecosystems provide key nursery
habitat for freshwater and saltwater fishery species (Hackney et al.,
1976; Mallin and Lewitus, 2004; Wessel et al., 2021), mediating nutrient
transformation and transfer into the downstream estuary (Barendregt
and Swarth, 2013), and sequestering carbon (Loomis and Craft, 2010).
Tidal streams have increased potential for impairment because they are
situated at the receiving zone for upstream pollution loads, are fringed
by the rapid land development associated with the coast, and have a
limited area when compared to other locations within the estuary
(Bergquist et al., 2011; Barendregt and Swarth, 2013). To ensure that
ecosystem services provided by tidal streams are sustained, develop-
ment of bioassessment protocols is warranted to supplement physico-
chemical monitoring and facilitate more robust management strategies.

One way resource managers have implemented successful bio-
assessment protocols is through the development of multi-metric indices
of biotic integrity (IBIs) for specific habitats and biological community
types (Karr et al., 1986; Simon and Lyons, 1995). The creation of an IBI
involves identifying and combining a suite of ecological metrics into a
single index that respond uniquely to a broad range of human impacts
(Karr et al., 1986; Simon and Lyons, 1995; Capmourteres et al., 2018).
Methodologies used to integrate metrics into an IBI range from simple
investigations of candidate metrics adapted from previous studies
(Simon and Lyons, 1995) to more statistically intensive and multi-
pronged evaluation processes (Stoddard et al., 2008). The resulting
index scores, which are easily understood and used by resource man-
agers, can be used to connect anthropogenic influence and aquatic life
use after linking these metrics to scoring criteria developed from base-
line condition data. An IBI is a versatile bioassessment tool that can be
(1) adapted for use in different aquatic systems, such as streams, lakes,
wetlands, and estuaries (Karr, 1981; Deegan et al., 1997; Burton et al.,
1999; Lyons et al., 2000); (2) developed for different taxa groups, such
as nekton, benthic macroinvertebrates, or phytoplankton (Karr, 1981;
Weisberg et al., 1997; Gomez et al., 2012); and (3) implemented
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throughout different global regions (Borja et al., 2000; Lyons et al.,
2000; Raburu et al., 2009; Qadir and Malik, 2009). Previous studies
have created IBIs for estuarine systems in the Gulf of Mexico, including
the seminal benthic condition IBI that spans the Gulf of Mexico (Engle
and Summers, 1999), a benthic index to detect freshwater inflow in a
Texas estuary (Beseres Pollack et al., 2009), and a nekton-based IBI for
tidal streams and bayous in the northern Gulf of Mexico (Guillen, 1996),
but none have been developed for tidal streams in southern Texas.

The aim of this study is to create IBIs for nektonic and benthic
macrofauna communities that discriminate between degraded and
reference (least-impacted) tidal streams, using the southern Texas coast
as a study area. Historical monitoring programs have attempted to use
depressed dissolved oxygen levels as an indicator of Texas tidal stream
impairment. However, studies show that other physicochemical vari-
ables are more influential in structuring tidal stream faunal communities
than dissolved oxygen in Texas (Tolan and Nelson, 2009). This contra-
diction exemplifies the issue of utilizing a single metric as a proxy for
predicting ecological degradation and suggests a multi-metric approach
is warranted. This study combines historical methods and metrics (Karr,
1981; Weisberg et al., 1997; Van Dolah et al., 1999; Raburu et al., 2009;
Margo, 2020) with metrics derived from data specific to the study region
to develop the IBIs. Results from this study can be used in future research
to refine the developed IBIs and test their effectiveness on a validation
dataset. Implementation of a tidal stream IBI can enhance current
management programs by identifying streams most in need of man-
agement attention, standardizing an assessment protocol for biological
communities in tidal streams, and providing a tool to monitor commu-
nity change over time.

2. Methods
2.1. Site Selection and Designation

The southern Texas coast extends from northern Matagorda Bay to
the Rio Grande (river) on the USA-Mexico border (Fig. 1). Twenty-three
candidate tidal streams were evaluated for inclusion in this study based
on geomorphological and biogeographical criteria. Narrow drainage
ditches and intermittent streams were first removed from consideration.
A subset of 11 tidal streams were then selected from the remaining
streams to encompass a broad spatial distribution across the southern
Texas coast to minimize the effects of biogeography (Table S1). Sites
within the 11 streams were then evaluated to identify sampling locations
that (1) were accessible for collecting seine hauls and benthic cores, (2)
had relatively shallow edge depths of < 1 m to allow sampling at
consistent depths, and (3) were within the upper 30-50 % of the tidal
stream segment to minimize the effects of salinity fluctuations on the
nekton and macroinfauna communities being sampled.

Defining degraded and reference designations is a critical step in the
creation of a multi-metric IBI because the biological metric selection
process is based upon these a priori designations. Tidal streams were
considered impaired for a variable if it exceeded threshold values for at
least one land-use variable and at least one water quality variable
(Table S2). Threshold values for impaired land use included > 20 %
urban or cultivated land cover within 1000 m of the tidal stream
segment, and a watershed population density > 50 km~2 (Table S3).
Land cover within each 1000 m buffer region was calculated using the U.
S. Geological Survey’s 2016 National Land Cover Database (www.mrlc.
gov), which provides land use/land cover data of the USA at a 30 m
resolution (Yang et al., 2018) in ArcGIS v.10.6.1 (Environmental Sys-
tems Research Institute (ESRI), 2017). Population density was calcu-
lated by summing 2010 census block-level point data within each
watershed (United States Census Bureau, 2010) and dividing by the
watershed area (km?).

Threshold values for impaired water quality were exceeded if the
85th percentile of measurements taken in the 11 tidal streams from 2011
to 2021 for ammonia (NHs3), nitrate + nitrite (NOy, + NO3), total
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Fig. 1. Extent of study area, including a) the Gulf of Mexico region and b) tidal
streams and sites sampled in this study. Tidal streams are colored based on
degraded or reference classifications. Sampling sites are labeled by site code
(see Table 1).

phosphorus (TP), and chlorophyll-a (Chl) was greater than the Texas
Commission on Environmental Quality (TCEQ) defined screening limit
(Table 1; Table S2; Table S3). The TCEQ identifies a concern for water
quality if concentrations surpass the screening limit value greater than
20 % of the time (Texas Commission on Environmental Quality (TCEQ),
2020; Table S3). Dissolved oxygen concentration was not considered as
a potential impairment indicator in this study because it does not appear
to be a major structuring factor for biotic communities in Texas tidal
streams (Tolan and Nelson, 2009). Sediment contamination was not
used as a potential impairment variable due to lack of access to a pub-
licly available dataset. However, increased sediment contamination
levels are related to urban and agricultural land use in estuaries (United
States Environmental Protection Agency, 1994; Dauer et al., 2000;
Garner et al., 2009; Parker et al., 2023), which were variables consid-
ered in site classification.

The tidal segments of five streams were classified as having degraded
conditions (Guadalupe River [GUA], Oso Creek [0SO], San Fernando
Creek [SAN], North Floodway [NOR], Arroyo Colorado [ARR]), and the
tidal segments of six streams were classified as having reference con-
ditions (West Carancahua Creek [WES], Navidad River [NAV], Lavaca
River [LAV], Garcitas Creek [GAR], Mission River [MIS], Aransas River
[ARA]) (Table 1). Two sites (2—9 km apart) were selected in Oso Creek
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([0SO1, 0S02], degraded), North Floodway ([NOR1, NORZ2],
degraded), Aransas River ([ARA1l, ARA2], reference), and West Car-
ancahua Creek ([WES1, WES2], reference) to investigate the impact of
salinity on tidal stream faunal communities. One site was selected in
each of the remaining seven streams.

2.2. Field Sampling

Field sampling was conducted at each site twice per year in 2020 and
2021, for a total of four sampling events. Sampling was standardized to
occur before (spring) and during (summer) the time of typical minimum
streamflows, maximum temperatures, and minimum dissolved oxygen
concentrations (Texas Commission on Environmental Quality (TCEQ),
2012). Spring samples were collected each year between 18 March and
21 April, and summer samples were collected each year between 1 July
and 27 August.

Nekton were collected during spring and summer sampling periods
using three consecutive 10 m seine (4.6 m wide, 4.76 mm mesh) hauls
conducted parallel to each stream bank (30 m length per stream bank)
for a total of six seine hauls per site (276 m? total area). Individuals >
0.3 m in length were identified, photographed, and released. Smaller
individuals were fixed in 10 % buffered formalin and sorted in the
laboratory. Benthic macroinfauna were collected during the summer
using six replicate benthic cores (6.7 cm diameter x 10 cm deep; 35.4
cm? area) along the shoreline in approximately 1 m water depth. All
organisms were fixed with 10 % buffered formalin for processing in the
laboratory. One additional benthic core was collected during the sum-
mer period for sediment grain size and organic matter analyses.

Water temperature, dissolved oxygen concentration, salinity, pH,
turbidity, and water transparency were measured during each sampling
event using a handheld YSI Pro DSS multiparameter water quality meter
(YSI Incorporated, Yellow Springs, Ohio) and a secchi disc. Water
samples were collected at a depth of 0.3 m deep during each sampling
event and chilled on ice before being analyzed for nutrients and chlo-
rophyll in the laboratory. Triplicate stream cross sections for measure-
ments of stream width and depth were made each spring using either a
measuring tape (depth and width), sonar (Garmin GT24UHD-TM
Transducer for depth) or a laser rangefinder (width).

2.3. Laboratory Processing

Benthic macroinfauna were washed on a 500 ym sieve and sorted
under a microscope. Nekton and benthic macroinfauna were identified
to the lowest practical taxon (usually species) and counted. Benthic
macroinfauna biomass was measured after being dried at 60 °C for > 24
h.

Nutrient and chlorophyll samples were analyzed by EASTEX Envi-
ronmental Laboratory or Ana-Lab Corporation for NOy + NOs (EPA
9056 or SM 4500, NO3 F), TP (EPA 365.3 or EPA 200.7), Chl (EPA 445.0
or EPA 446.0), NH; (EPA 350.1 or SM 4500; NH3 G), total Kjeldahl
nitrogen (TKN; EPA 351.2), total organic carbon (TOC; EPA 9060 or SM
53100C), and total suspended solids (TSS; SM2540D) using standardized
United States Environmental Protection Agency (USEPA) methods
(United States Environmental Protection Agency, 2022). Relative
quantities of sand (63-2000 pm), silt (4-63 um), and clay (<4 pm) in the
sediment were determined with a Beckman Coulter LS 13 320 Laser
Particle Sizing Analyzer (Beckman Coulter Life Sciences, Indianapolis,
IN) after digestion in < 30 % hydrogen peroxide to remove any organic
content. The proportion of sediment organic matter by weight was
calculated using the loss on ignition method (after combustion at 450 °C
for 4 h).

2.4. Data analysis

Physiochemical and biotic characteristics of the sampled streams
were determined using multivariate analyses. Water quality and
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Table 1

Ecological Indicators 160 (2024) 111804

Variables considered to make degraded or reference classifications for tidal streams. The table includes the tidal stream name (arranged from north to south), codes for
sites on each tidal stream, and station type (degraded or reference). Land use characteristics include population (from 2010) by watershed size, and percent urban and
percent cultivated crops landcover based on 1000 m buffer regions around the tidal segment. Water quality characteristics include the 85th percentile concentrations of
ammonia as nitrogen (NH3), nitrate -+ nitrite (NO5 + NO3), total phosphorus (TP), and chlorophyll-a (Chl) derived from this study and 2011-2021 historical TCEQ data
(Texas Commission on Environmental Quality, 2022). The number of observations from each sampling source can be found in Table S2. Bolded values indicate that the

threshold value was exceeded for the tidal segment (Table S3).

Tidal Stream Sites on Tidal Station Land Use Water Quality
Stream Type (85th percentile)
Population Density Urban  Cultivated NH;3 (mg L NO; + NO3(mgL TP Chl
(km?) (%) Crops P D) (mgL  (ppb)
(%) h
West Carancahua WES1, WES2 Reference 2.0 1.4 14.4 0.27 2.15 0.53 82.95
Creek
Navidad River NAV Reference 5.2 1.3 0.6 0.16 0.69 0.21 14.14
Lavaca River LAV Reference 7.9 1.8 3.5 0.15 0.82 0.15 16.37
Garcitas Creek GAR Reference 5.3 1.6 8.4 0.21 0.13 0.27 20.77
Guadalupe River GUA Degraded 91.1 3.0 1.1 0.10 4.27 0.49 14.00
Mission River MIS Reference 3.6 2.0 6.7 0.05 0.08 0.27 36.13
Aransas River ARA1, ARA2 Reference 21.3 1.9 10.3 0.06 0.69 1.08 36.91
Oso Creek 0501, 0s02 Degraded 241.6 18.7 55.9 0.51 14.01 2.93 80.36
San Fernando Creek SAN Degraded 20.6 5.9 35.2 0.14 6.28 3.02 46.55
North Floodway NOR1, NOR2 Degraded 401.0 6.0 73.2 0.21 4.45 0.46 69.90
Arroyo Colorado ARR Degraded 217.1 8.5 37.1 0.40 4.75 0.73 73.46

sediment data were analyzed separately using Principal Components
Analysis (PCA) with no rotation of axes. Water quality variables were
examined for approximate normality and transformed when skewed
(square root-transformed: temperature, loge-transformed: salinity, sec-
chi, Chl, NH3, NO, + NOs, TKN, TP, TSS) before standardization (Clarke
and Gorley, 2015). Non-metric Multi-Dimensional Scaling analyses
(nMDS; Clarke and Warwick, 1994) using Bray-Curtis similarity
matrices were used to characterize nekton and benthic macroinfauna
community composition among sites and sampling dates. Nekton data
were summed over six replicate seine hauls per sampling event, then
dispersion weighted and square root-transformed prior to multivariate
analyses. Benthic macroinfauna data were dispersion weighted and
fourth root transformed (Clarke et al., 2006). Species richness (S), J’
species evenness, Shannon’s H’ diversity, Simpson’s 1- A diversity, and
Hill (N1) species diversity were calculated using nekton and benthic
macroinfaunal abundance data individually. All multivariate analyses
and calculations of diversity indices were conducted using PRIMER
v7.0.13 (Clarke and Gorley, 2015).

2.5. Metric Development

Developing our nektonic and benthic IBIs involved identifying uni-
variate metrics that discriminate between degraded and reference sites
in the southern Texas coast from historic studies, and statistical analyses
of our nektonic and benthic community data (Fig. 2). Twenty-seven
potential nektonic metrics (Table 2) and 19 potential benthic metrics
(Table 3) were derived from seminal IBI studies (Karr, 1981; Weisberg
et al., 1997), and IBI studies of Texas tidal streams (L. Broach [TCEQ]
pers. comm.; Margo, 2020). These previously identified metrics include
measures of taxonomic diversity and abundance, trophic groups, stress
tolerance, and endemicity. The ability of metrics to discriminate be-
tween degraded and reference site conditions was evaluated using a
Mann-Whitney U test (o = 0.05; Weisberg et al., 1997; Van Dolah et al.,
1999) using R 4.1.2 software (RStudio Team, 2018).

New metrics using our collected nektonic and benthic community
data were determined using the similarity percentages (SIMPER) pro-
cedure (Clarke, 1993). Nekton and benthic macroinfauna taxa, families,
and functional groups with a dissimilarity/standard deviation (Diss./
SD) of > 1 between degraded and reference sites were selected as po-
tential IBI metrics. Functional group categorization of fishes was
assigned by categorizing species based on estuarine habitat utilization as
described in Elliott et al. (2007) (Table S4), and then subdividing these

groups by feeding guild as described in Gonzalez et al. (2020)
(Table S5). Benthic macroinfauna were assigned to feeding functional
groups based on previous research (Table S6). Potential metrics from
SIMPER analyses were removed from consideration for the IBI if: (1) the
10th and 50th percentiles of the reference data were both 0 or, (2) the
directionality of the data distribution was opposite of that in published
literature. Total abundance and biomass measurements of benthic
macroinfauna were analyzed with and without Ostracoda due to the
high proportion of the taxa in benthic samples, particularly at degraded
sites. Metrics identified in SIMPER analyses were also removed if there
was taxonomic redundancy, e.g., the “collector gatherers-scavenger”
functional group was removed because it contained only Ostracoda.
Linear (Pearson’s) correlations were calculated among the selected
metrics to identify potential sources of collinearity among metrics.
Metrics were not weighted because this would introduce unknown bias
into the IBI.

2.6. Index Creation

An IBI combines multiple ecological metrics into a single IBI score
(Morehead et al., 2008). IBI scores in this study were assigned using
percentile values derived from reference condition data, using meth-
odology adapted from Van Dolah et al. (1999). Each metric was assigned
ascore of 5, 3, or 1, with scores decreasing as the metric deviated further
from reference site conditions. For metrics elevated in reference site
conditions (disturbance sensitive metrics, e.g., total abundance), sam-
ples were scored using the 10th and 50th percentile values (5 if > 50th
percentile, 3 if between the 10th and 50th percentiles, 1 if < 10th
percentile; Table S7). For metrics depressed in reference site conditions
(disturbance indicator metrics, e.g., % Oligochaeta), samples were
scored using the 50th and 90th percentile values (5 if < 50th percentile,
3 if between the 50th and 90th percentiles, 1 if > 90th percentile;
Table S7).

Index scores were calculated for each sampling event by summing
the scores for each metric in the nekton or benthic macroinfauna IBI
then dividing by the total number of metrics. This scaling results in a
standardized minimum (1) and maximum (5) site score for each IBI. The
range of index scores from sampling events was categorized into discrete
“integrity classes,” which are more easily interpretable classifications
that range from very poor to excellent (Raburu et al., 2009). Percentile
values from the reference and degraded condition data were used
separately for defining integrity classes to account for differences in the
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Fig. 2. Flowchart describing methodology used to evaluate candidate metrics
for inclusion in the nekton and benthic macroinvertebrate IBIs. Diss./SD =
dissimilarity divided by standard deviation.

range of IBI scores between reference and disturbed samples. Threshold
values for each integrity class were derived using the 75th (excellent),
50th (good), and 25th (moderate) percentiles of reference sample index
scores and the 50th percentile from degraded sample index scores (poor
if > degraded 50th percentile, very poor if < degraded 50th percentile).

Linear correlations were calculated among mean nekton scores,
mean benthic IBI scores, mean stream width, mean thalweg depth, and
site latitude. Differences in nekton and benthic IBI scores between years
and nekton IBI scores between seasons were evaluated using a Mann-
Whitney U test (a = 0.05).

3. Results
3.1. Environmental Variables

The first and second principal components (PC1 and PC2) of the
water quality PCA explained 29.7 % and 20.3 % of the variation within
the water quality data set (Fig. 3; Table S8, Table S9). Degraded sites
had higher PC1 scores than most reference sites, which corresponded to
higher concentrations of nitrate + nitrite, total Kjeldahl nitrogen, and
total suspended solids, and lower water transparency (secchi disk
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Table 2

Metrics examined to evaluate differences in nekton communities between
degraded and reference tidal streams. Metric values are per 6 seine hauls (276
m? area) unless otherwise indicated. P-values for each metric were obtained
using a Mann-Whitney U-Test comparing degraded and reference data from this
study. A single asterisk (*) indicates p < 0.05. A double asterisk (**) indicates p
< 0.05 and inclusion in the IBL. % = percentage of total abundance per 6 seine
hauls.

Nekton Metric P-value Mean + SD Values Source
Reference Degraded
Taxa richness (S) 0.348 11.88 + 11.25 + Karr, 1981;
2.86 3.89 TCEQ 2014; L.
Broach, TCEQ
(pers. comm.)
Shannon’s (log e- < 0.001* 1.04 + 1.51 + Margo, 2020
transformed) 0.50 0.45
diversity (H)
Hill’s diversity (N1) < 0.001* 3.20 + 4.94 + Margo, 2020
1.68 2.04
Pielou’s evenness < 0.001* 0.43 + 0.64 + Margo, 2020
) 0.21 0.17
Gini-Simpson 0.001* 0.46 + 0.65 + Margo, 2020
diversity (1-1) 0.23 0.17
Total abundance < 0.001** 880.72 + 186.57 + Karr, 1981;
1196.16 253.18 TCEQ 2014; L.
Broach, TCEQ
(pers. comm.)
Number of intolerant 0.011%* 0.38 + 0.07 + Karr, 1981;
taxa 0.55 0.26 TCEQ 2014
Number of fish taxa 0.643 8.81 + 9.43 + TCEQ 2014
2.16 3.21
Number of 0.002%* 3.00 + 1.79 + L. Broach,
invertebrate taxa 1.37 1.64 TCEQ (pers.
comm.)
Number of native 0.019* 0.16 + 0.46 + TCEQ 2014
Cyprinidae taxa 0.37 0.58
Number of 0.717 0.69 + 0.71 + TCEQ 2014
Centrarchidae 1.09 0.94
taxa
Number of 0.938 0.63 + 0.61 + Karr, 1981
Centrarchidae 0.94 0.92
taxa (sans Lepomis
cyanellus)
Tolerant (%) 0.002* 7.27 + 20.54 + L. Broach,
10.76 21.23 TCEQ (pers.
comm.)
Tolerant (sans 0.002* 4.96 + 12.53 + TCEQ 2014
Gambusia sp.) (%) 12.35 21.52
Introduced (%) 0.111 0.01 + 0.34 + TCEQ 2014
0.07 0.99
Omnivores (%) 0.378 64.02 + 62.18 + Karr, 1981;
37.25 26.97 TCEQ 2014
Invertivores (%) 0.519 34.06 + 34.82 + TCEQ 2014
36.06 27.68
Piscivores (%) 0.039* 1.15 + 233 + Karr, 1981
3.59 3.82
Invertebrates (%) 0.411 2419 + 19.97 + L. Broach,
0.30 0.25 TCEQ (pers.
comm.)
Invertivorous 0.019* 0.03 £ 0.62 + Karr, 1981
Cyprinidae (%) 0.15 1.23
Flatfish (%) 0.254 0.23 + 0.52 + L. Broach,
0.61 2.46 TCEQ (pers.
comm.)
Gobies (%) 0.299 0.11 + 0.88 + L. Broach,
0.48 2.99 TCEQ (pers.
comm.)
Centrarchidae (%) 0.645 2.13 + 1.50 + Margo, 2020
5.08 3.13
Lepomis cyanellus 0.547 0.19 + 0.17 + Karr, 1981
(%) 0.90 0.51
Abundance tolerant 0.44 29.53 + 27.25 + Margo, 2020
81.54 34.94
Abundance of 0.122 0.03 + 0.21 + L. Broach,
introduced taxa 0.18 0.63 TCEQ (pers.
comm.)

(continued on next page)
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Table 2 (continued)

Nekton Metric P-value Mean + SD Values Source
Reference Degraded
Abundance 0.96 3.03 + 2.68 + Margo, 2020
Centrarchidae 6.88 8.66

Table 3

Metrics examined to evaluate differences in benthic macroinfauna communities
between degraded and reference tidal streams. Metric values are per core
replicate (35.4 cm? area) unless otherwise indicated. P-values for each metric
were obtained using a Mann-Whitney U-Test comparing degraded and reference
data from this study. A single asterisk (*) indicates p < 0.05. A double asterisk
(**) indicates p < 0.05 and inclusion in the IBI. % = percentage of total abun-
dance per core.

Metric P-value Metric Mean + SD Source
Reference Degraded
Taxa richness (S) 0.101 3.51 + 3.27 £2.08 L. Broach,
1.58 TCEQ (pers.
comm.)
Shannon’s (log e- 0.006**  0.80 + 0.62 +0.84  Weisberg et al.,
transformed) 0.39 1997; L. Broach,
diversity (H) TCEQ (pers.
comm.)
Hill’s diversity 0.006* 2.38 + 210+1.11 Margo, 2020
(N1) 0.84
Pielou’s evenness 0.016* 0.63 + 0.50 + 0.34 Margo, 2020
W) 0.26
Gini-Simpson 0.008* 0.44 + 0.34 £0.26  Margo, 2020
diversity (1-1) 0.21
Total abundance 0.010* 6919.63 + 18352.18 Weisberg et al.,
(nm~2) 5712.40 + 23842.20 1997
Total abundance < 0.001**  6588.72 + 4936.69 + This study
sans Ostracoda 5400.90 7938.00
(nm™?)
Total biomass (g/ 0.005* 219 + 2.16 +£3.11  Weisberg et al.,
m2(-|) 6.72 1997
Total biomass sans < 0.001** 215+ 0.52 +£1.09  This study
Ostracoda (g/ 6.73
m2(-|-)
Ostracoda (g/ < 0.001* 0.04 + 1.64 +2.89  This study
m3(—]) 0.12
Number tolerant 0.025 1.60 + 1.35+0.78  Margo, 2020
taxa 0.61
Number intolerant 0.003* 0.19 + 0.04 £0.19  Margo, 2020
taxa 0.42
Tolerant (%) < 0.001* 68.15 + 37.86 + Weisberg et al.,
30.42 34.76 1997; L. Broach,
TCEQ (pers.
comm.)
Intolerant (%) 0.004* 1.07 + 0.66 + 3.87 Weisberg et al.,
2.80 1997; L. Broach,
TCEQ (pers.
comm.)
Crustacea (%) < 0.001* 4.73 + 53.22 + L. Broach,
10.52 38.70 TCEQ (pers.
comm.)
Crustacea sans 0.045* 1.86 + 0.52 +3.67  This study
Ostracoda (%) 5.67
Mollusca (%) 0.987 9.79 + 4.39 + L. Broach,
24.82 14.32 TCEQ (pers.
comm.)
Insecta sans 0.013* 2.48 + 0.55 +£1.92 Margo, 2020
Chironomidae 10.47
(%)
Insecta sans 0.028* 115.23 + 145.20 + Margo, 2020
Chironomidae (n 223.82 729.47

m?)

measurements) than reference sites. Summer sampling events usually
had higher PC2 scores than spring sampling events, which corresponds
to higher temperatures and TOC concentrations, but lower salinities
than spring sampling events. The lower relative summertime salinities
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occurring in this study were contrary to the anticipated higher salinities,
which are expected during typical summers.

The first and second principal components (PC1 and PC2) of the
sediment quality PCA explained 93.5 % and 5.2 % of the variation
within the sediment quality data set (Fig. S1; Table S10). Site-year
combinations with high PC1 scores had greater organic, clay, and silt
content but lower sand content. There was no discernable trend in grain
size (along PC1) between degraded and reference site-year combina-
tions. The proportion of clay was negatively related to percent organic
material along PC2, but there was minimal separation of samples along
this axis.

Stream width varied from 4 m (OSO1) to 118 m (NAVI; Table S11;
Fig. 1). Maximum depths ranged from 0.3 m (OSO1) to 6.2 m (GUA).
Both mean stream width and maximum depth were greater (both p <
0.001) in reference sites (52.0 m wide, 3.0 m deep) than degraded sites
(28.4 m wide, 2.2 m deep; Table S11).

3.2. Nekton

A total of 33,452 nektonic individuals from 67 taxa were collected
within the two-year study (Table S12). Degraded sites had a mean of
186 individuals and 11 taxa per six seine hauls (276 m?> area), while
reference sites had a mean of 882 individuals and 12 taxa.

Non-metric MDS analysis identified a difference in nekton commu-
nity composition between reference and degraded sites, with no
discernable trend related to sampling period (stress = 0.26; Fig. S2a). A
similar differentiation between reference and degraded sites was
observed whether the nekton nMDS plot was plotted in a higher stress
(0.26) two-dimensions (2D) or a lower stress (0.19) three dimensions
(3D), meaning that the 2D nMDS represents major trends in actual
nekton community composition well. Anchoa mitchilli, Menidia beryllina,
Palaemonetes pugio, Gambusia affinis, and Callinectes sapidus were more
abundant in reference sites than degraded sites, while Poecilia formosa
was more abundant in degraded sites (Diss./SD > 1 from SIMPER
analysis; Table S13). SIMPER results for nekton abundance at the family
level yielded 11 metrics with Diss./SD > 1 (Table S14). Of the nekton
families, Sciaenidae and Clupeidae were more abundant in reference
sites, and Poecilidae, Fundulidae, Mugilidae, Characidae, and Cypri-
nodontidae were more abundant in degraded sites (Diss./SD > 1;
Table S14). Four nekton families (Engraulidae, Palaemonidae, Atheri-
nopside, and Portunidae) were taxonomically redundant as a potential
IBI metric because only one species was represented in each family and
were therefore excluded from metric selection. The estuarine carnivores
(EC) and freshwater migrant carnivores (FMC) functional groups were
more abundant in reference sites, while freshwater migrant omnivores
(FMO) and freshwater straggler carnivores (FSC) were more abundant in
degraded sites (Diss./SD > 1; Table S5; Table S15). Estuarine carnivore
and FMC abundances were considered redundant because these func-
tional groups were dominated by individual species that were already
identified as metrics (EC was dominated by A. mitchilli, FMC was
dominated by G. affinis and M. beryllina). After excluding redundant
metrics, additional metrics (P. formosa, Sciaenidae, Poecilidae, Fundu-
lidae, Mugilidae, Characidae, and FMO) were removed from consider-
ation for the IBI since the 10th and 50th percentiles of the reference data
were both 0 (Table S16). The relative abundances of remaining selected
taxa and functional groups were moved forward in the metric selection
process.

3.3. Benthic Macroinfauna

A total of 7,777 benthic individuals from 40 taxa were collected
within the 2-year study (Table S17). Degraded sites had a mean of 65
individuals and 3 taxa per core (35.4 cm? area), while reference sites had
a mean of 24 individuals and 4 taxa.

The benthic community composition differed between reference and
degraded sites, as identified by nMDS ordination (stress = 0.19;
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Fig. 3. Principal component analysis of water quality variables with a) sampling event scores and b) vector plot of water quality variables. Temp = temperature,
NH3 = ammonia as nitrogen, TP = total phosphorus, TSS = total suspended solids, TKN = total Kjeldahl nitrogen, NO2 + NO3 = nitrate plus nitrite, DO = dissolved
oxygen, Chl = chlorophyll-a. Ref = reference, Deg = degraded. Sp = spring, Su = summer.

Fig. S2b). Chironomidae were more abundant in reference sites, and
Ostracoda and Oligochaeta were more abundant in degraded sites
(Diss./SD > 1; Table S18). The collector-gatherer (CG) functional group
was more abundant at degraded sites (Diss./SD > 1; Table S6,
Table §19). The collector-gatherer/scavenger (CG-SCAV) and predator/
collector-gatherer/filtering-collector (P-CG-FC) functional groups had
different abundances between degraded and reference sites but were
taxonomically redundant with taxonomic group abundance because
only one taxon was represented in each group (Ostracoda and Chiro-
nomidae, respectively). After excluding redundant metrics (Table S20),
relative abundances of selected taxa and functional groups were moved
forward in the metric selection process.

3.4. Metric Selection

Nine metrics were selected for inclusion in the nekton IBI and six
metrics were selected for inclusion in the benthic macroinfauna IBI. Two
previously identified nekton IBI metrics (total abundance, and number
of invertebrate taxa) and three previously identified benthic metrics
(Shannon’s H’ diversity [log.-transformed], total abundance sans
Ostracoda, and total biomass sans Ostracoda) successfully discriminated
between degraded and reference sites in the current study (p < 0.05 in

Table 4

Nekton index of biotic integrity (IBI) and corresponding threshold values for
metric scores. Scores correspond to percentile values extracted from reference
stream data (Table S6). Metric values are per 6 seine hauls (276 m? area) unless
otherwise indicated. FSC = freshwater straggler carnivore. % = percentage of
total abundance per 6 seine hauls.

Nekton Metrics Score

5 3 1
Total abundance > 351 97—-351 <97
Number of invertebrate taxa >3 >0-3 0
A. mitchilli (%) > 8.92 0.40 - 8.92 < 0.40
M. beryllina (%) < 0.96 0.96 - 9.79 > 9.79
P. pugio (%) > 2.98 >0-2.98 0
G. affinis (%) < 0.59 0.59-7.70 >7.70
C. sapidus (%) < 0.15 0.15-1.80 > 1.80
Clupeidae (%) > 3.30 >0-3.30 0
FSC (%) <0.23 0.23 - 3.08 > 3.08

Mann-Whitney U-tests; Table 4, Table 5). Ostracoda was excluded in the
total abundance and biomass metrics, as it rendered results more
consistent with historical bioassessment studies which show a positive
correlation between total abundance and biomass with site condition.
Seven newly identified nekton IBI metrics (percent A. mitchilli, percent
M. beryllina, percent P. pugio, percent G. affinis, percent C. sapidus,
percent Clupeidae, and percent FSC) and three newly identified benthic
metrics (percent Chironomidae, percent Oligochaeta, and percent CG)
successfully discriminated between degraded and reference sites in the
current study (Diss./SD > 1 in SIMPER analyses). The highest Pearson
correlation (R?) among nekton metric pairs was 0.71 between percent
Clupeidae and total abundance (Table S21), and the highest correlation
(R?) among benthic metric pairs was 0.75 between percent Oligochaeta
and percent CG (Table S22).

3.5. Index Creation

IBI scores were derived for each sampling event by summing the
metric scores for each of the nekton and benthic metrics then dividing by
the total number of metrics per IBI. Integrity classes for the nekton IBI
were assigned based on 25th, 50th and 75th percentile values from the
degraded and reference score data (excellent: > 3.7, good: > 3.5 - 3.7,
moderate: > 3.1 — 3.5, poor: > 2.3 — 3.1, very poor: < 2.3; Table S23).
Mean nekton IBI scores for each site ranged from 1.6 at Oso Creek 1

Table 5

Benthic macroinfauna index of biotic integrity (IBI) and corresponding threshold
values for metric scores. Metric values are per core replicate (35.4 cm? area)
unless otherwise indicated. Scores correspond to percentile values extracted
from reference stream data (Table S6). % = percentage of total abundance per
core.

Benthic Macroinfauna Metrics Score

5 3 1
Shannon’s (log e-transformed) diversity > 0.90 0.20 - 0.90 < 0.20

H)

Total abundance sans Ostracoda (n m~2) >5,815 1,135-5,673 < 1,135
Total biomass sans Ostracoda (g/m’2(7|-)) > 0.27 0.06 - 0.27 < 0.06
Chironomidae (%) >49.14  7.52-49.14 < 7.52
Oligochaeta (%) <7.42 7.42 - 53.57 > 53.57
Collector-gatherers (%) >26.09 > 0-26.09 0
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(0S01) to 3.8 at Mission River (MIS) out of a maximum score of 5 and
minimum score of 1 (Table $S23). The mean metric score for reference
sites was 3.7, and for degraded sites was 2.4 (Fig. S3a). All reference
sites except Garcitas Creek (GAR) had greater mean nekton IBI scores
than the mean scores of the seven degraded sites (Fig. 4a; Table S23).

Integrity classes for the benthic IBI were assigned based on 25th,
50th and 75th percentile values from the degraded and reference score
data (excellent: > 4.0, good: > 3.7 — 4.0, poor/moderate: > 2.7 — 3.7,
very poor: < 2.7; Table S24). Mean benthic IBI scores for each site
ranged from 1.9 at North Floodway 1 (NOR1) to 4.2 at Aransas River 2
(ARA2) out of a maximum score of 5 and minimum score of 1
(Table S24). The mean metric score for reference sites was 3.7, and for
degraded sites was 2.9 (Fig. S3b). Half of the reference sites, Aransas
River 2 (ARA2), West Carancahua 2 (WES2), Navidad River (NAV),
Aransas River 1 (ARA1), had greater mean benthic IBI scores than the
mean scores of the seven degraded sites (Fig. 4b; Table S24).

Mean nekton IBI scores were positively correlated with site latitude,
mean stream width, and mean thalweg depth (all p < 0.01) (Fig. S4).
Mean benthic IBI scores were positively correlated with site latitude (p
< 0.01) but not mean stream width (p = 0.17), or mean thalweg depth
(p = 0.14) (Fig. S5). IBI scores did not generally differ between year
(nekton IBL: p = 0.77, benthic IBI: p = 0.86) or spring vs. summer
sampling periods (nekton IBI: p = 0.07). Nekton IBI site scores were
more stable between years (mean difference = 0.2) than between sam-
pling seasons(mean difference = 0.4). There was also a decrease in
nekton IBI score from the spring to summer sampling periods at most (11
out of 15) sites (Table S25). Differences in site score between years was
greater in the benthic IBI (mean difference = 0.5) than the nekton IBI
(Table S24).
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Fig. 4. Box plot of a) nekton and b) benthic macroinfauna index of biotic
integrity scores for each tidal stream. Sites along the x-axis are arranged from
northernmost (left) to southernmost (right). The horizontal line in each box
represents median, while “X” represents mean. The lower bars represent the
minimum values above (1.5*Inter-quartile range - lower quartile). The upper
bars represent the maximum values below (1.5*Inter-quartile range + upper
quartile). Site codes along x-axis correspond to those listed in Table 1.
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4. Discussion
4.1. Metric Selection and Interpretation

The majority of metrics that were significantly different between
degraded and reference conditions were developed from data collected
in this study, rather than from metrics derived from historical studies.
Only 2 (abundance, number of invertebrate taxa) of the 27 historical
nekton metrics and 3 (Shannon H’ [log.] diversity, total abundance sans
Ostracoda, total biomass sans Ostracoda) of the 19 historical benthic
macroinfauna metrics were included in the IBIs developed for this study.
Tidal stream systems, as is typical with other parts of estuaries, have
natural environmental fluctuations that drive the dominance of ubiq-
uitous euryhaline taxa (Hackney et al., 1976; Tolan and Nelson, 2009;
Barendregt and Swarth, 2013; Tolan and Nelson, 2013) and often exist
at the edge of coastal development, which makes true baseline condi-
tions difficult to identify (Bergquist et al., 2011; Barendregt and Swarth,
2013). Therefore, metrics common to freshwater IBIs are often not as
successful in estuarine systems (Deegan et al., 1997; Weisberg et al.,
1997; Engle and Summers, 1999). Modifications of the traditional
freshwater IBI approach to improve use in estuarine systems have
included: (1) developing metrics or scoring criteria specific to estuarine
zones (Weisberg et al., 1997; Van Dolah et al., 1999; Breine et al., 2010),
(2) including new metrics that describe taxa by estuarine use categori-
zations (nursery species, estuarine spawners, etc.; Deegan et al., 1997,
Llanso et al., 2002), or (3) adding metrics across multiple taxa groups to
address differences related to space or time (Gomez er al. 2012). This
study utilized the latter two approaches to incorporate additional met-
rics specific to conditions in southern Texas tidal streams, resulting in
indices that were somewhat successful in differentiating between
degraded and reference sites. Benthic and nekton taxa that were most
dissimilar between degraded and reference sites were geographically
wide-ranging estuarine taxa that are adapted to variable environmental
conditions. Selected nekton metrics included three fish species
(A. mitchilli, M. beryllina, and G. affinis), one fish family (Clupeidae), and
two nektonic macroinvertebrates (P. pugio and C. sapidus), the majority
of which are estuarine taxa that commonly utilize tidal streams on the
US East Coast and Gulf of Mexico (Hackney et al., 1976; Ogburn-
Matthews and Allen, 1993; Tolan and Nelson, 2009; Tolan and
Nelson, 2013). Two benthic metrics selected at the lowest identified
taxonomic level were Oligochaeta and Chironomidae, each considered a
cosmopolitan taxon for their ability to tolerate wide environmental
shifts (Porinchu and MacDonald, 2003; Rodriguez and Reynoldson,
2011). Greater abundances of Oligochaeta in degraded conditions
corroborate previous studies which state that Oligochaetes can be found
in degraded conditions, such as in areas of high organic matter or
hypoxia (Rodriguez and Reynoldson, 2011).

The association of Chironomidae with reference sites exemplifies
some of the difficulty in interpretation of metrics because individual
Chironomidae species can have differing ranges of tolerances (Molineri
et al. 2020). It is possible that Chironomidae taxa collected in this study
represent less tolerant species. However, further taxonomic specificity in
future studies could allow for better interpretation of this metric. In the
benthic macroinfauna samples, Ostracoda often occurred in high
abundances relative to other taxa and were the dominant taxon at many
of the degraded sites. Therefore, the historical metrics, total abundance,
and total biomass were assessed with and without Ostracoda. When
Ostracoda were excluded, total abundance and biomass were greater in
reference conditions; the opposite was true when Ostracoda were
included. While other Ostracoda measures were assessed for inclusion as
a metric in the IBI, the taxon was found in such low abundances at
reference sites that scoring thresholds could not be defined because the
10th and 50th percentiles of the reference data were both 0. Despite this,
the association of Ostracoda with degraded sites suggests the taxon may
be a useful bioindicator for degraded conditions in future tidal stream
studies. Ostracoda have been utilized as bioindicators in different
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aquatic systems, with certain species dominating the Ostracoda com-
munity in the presence of pollution (Alvarez Zarikian et al., 2000; Ruiz
et al., 2005; Tan et al., 2021).

Functional categorizations allowed for inclusion of sensitive taxa in
the benthic IBI, but the included nekton functional group metric may
possibly be indicative of biogeographical changes along the southern
Texas coast. The collector-gatherer (CG) benthic group was more
abundant in reference conditions and consisted of some of the more
sensitive benthic taxa, particularly polychaetes (Rakocinski et al., 1997;
Dean, 2008; Diaz-Castaneda and Reish, 2009), the mayfly genus Hex-
agenia (Howland et al., 2019), and the gastropod T. sphinctostoma
(Rakocinski et al., 1997). Without grouping taxa into functional cate-
gorizations, these taxa would not have been represented in the IBI due to
low individual abundances but, together, contribute an important
metric that allows for sensitive taxa to be represented within the IBI. The
freshwater straggler carnivore (FSC) functional group was included in
our nekton IBI and was more abundant in degraded conditions. Gonzalez
et al. (2020) found that freshwater functional groups were more sensi-
tive to freshwater inflow volumes than estuarine or marine functional
groups, which suggests that they could serve as bioindicators for envi-
ronmental variation associated with inflow changes. Despite this asso-
ciation, FSC was numerically dominated (~75 %) by Astyanax mexicanus
and Herichthys cyanoguttatus, both species endemic to waters south of
Corpus Christi Bay, an area of the coast where only degraded sites are
found. These species are introduced to and occur in much lesser numbers
in watersheds north of Corpus Christi Bay (Hubbs et al., 1978), where
our reference sites are concentrated. Therefore, it is unclear if increased
abundances of FSC indicates degraded conditions or geographic location
of the degraded sites. Grouping nekton and benthic macroinfauna taxa
into functional categorizations allowed for more holistic community
information to be brought into the IBIs by grouping taxa with similar life
histories or responses to environmental change and by incorporating
more sensitive or rare taxa representation.

By creating IBIs based on both nekton and benthic macroinfaunal
communities, a more holistic picture of aquatic life use across different
spatiotemporal scales is produced. The relatively sessile nature of
benthic macroinfauna makes them particularly useful indicators of
conditions in their immediate environment, especially changes in sedi-
ment contaminants and hypoxia (Pearson and Rosenberg, 1978; Weis-
berg et al., 1997; Pinto et al., 2009). Conversely, nekton are motile and
represent conditions at a larger spatial scale, such as the entire tidal
stream system (Whitfield and Elliott, 2002). Benthic macroinfauna have
shorter life histories compared to nekton, especially in stressed condi-
tions (Odum, 1985; Borja et al., 2012). Taxa of both short and long life
histories are useful as bioindicators because they can reflect changes
with time and bioaccumulation or the rapid response by a population to
change, respectively (Resh, 2008). Despite the high natural and
anthropogenic variability in tidal stream systems (Dauvin and Ruellet,
2009; Tweedley et al., 2015), using the nekton and benthic macro-
infauna IBIs in tandem may help tease apart some of the natural varia-
tion across space and time better than using an IBI for one of these
groups alone.

Baseline conditions along the southern Texas coast were difficult to
identify because all study sites were impacted by anthropogenic land use
in some way, existing along a continuum of degradation rather than in
clear degraded and reference conditions. Land alongside tidal streams is
often considered “prime real estate” for residential, industrial, tourism,
or recreational-related development (Mallin and Lewitus, 2004). Iden-
tifying indicator taxa in tidal streams is difficult because the inherent
environmental variation in these systems leads to dominance of ubig-
uitous estuarine taxa that can handle wide environmental shifts. Lacking
clear reference conditions further complicates this process because
sensitive taxa decrease substantially even in moderate levels of distur-
bance (Raburu et al., 2009; Lubanga et al., 2021). While seminal IBI
studies define reference conditions based on water bodies that have been
minimally affected by anthropogenic degradation (Karr et al., 1986),
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unimpacted baseline conditions may be impossible to define in most
tidal stream studies. Limited or absent long-term monitoring data,
shifting theoretical baselines, and the lack of standardized methodology
in defining reference conditions in estuaries also convolutes how base-
line conditions are chosen (Thrush et al., 2013). Using historical base-
lines may also not be appropriate to establish reference conditions in
systems that are not considered “pristine.” Rather, using contemporary
community data from least impaired sites establishes more realistic
reference, or best attainable, conditions and can minimize potential is-
sues associated with shifting baselines (Stoddard et al., 2006). Future
tidal stream studies should consider the limitations associated with their
method of defining reference conditions, whether baselines are derived
from current least-impacted conditions or models based on long-term
historical data (Stoddard et al., 2006).

4.2. IBI Applications and Future Refinement

Upon future refinements and testing on an independent dataset, the
IBIs developed in this study can likely be incorporated as a standardized
bioassessment tool to identify streams most in need of management
attention, and monitor faunal community changes, including those in
response to management actions. The process of implementation could
include summing metric scores for a tidal stream, identifying sites that
are lowest scoring (falling into the “poor” or “very poor” integrity
classes), investigating sources of degradation for candidate sites, and
developing management strategies based on agency priorities and ca-
pacity. Measuring the success of management actions, such as the
establishment of total maximum daily loads (TMDLs), bank stabiliza-
tion, or in-stream habitat restoration (Castillo et al., 2016), can likely be
evaluated with continued biomonitoring using the sampling methods
outlined in this study to determine any increases to the IBI score. By
using the refined and tested IBIs, managers can determine if biotic
communities in degraded systems are becoming more similar to refer-
ence conditions after management actions have been implemented
(Karr, 1991). Overall, incorporating successful IBIs into tidal stream
management can complement existing physicochemical monitoring
programs, allowing managers to target tidal streams based both on
degraded biological conditions and water quality standards.

The TCEQ’s most recent surface water quality assessment of the same
tidal segments generally reports high aquatic life use at sites with higher
IBI scores, but discrepancies exist among mid- to low-scoring sites. The
2022 Texas Integrated Report of Surface Water Quality for Clean Water Act
Sections 305(b) and 303(d) (Report) assesses the condition of tidal
waterbodies, including concerns for public health, aquatic life use, water
quality impairments, and possible pollutant sources (TCEQ 2022b). In
the Report, all sites that scored in the “excellent” or “good” integrity
classes using the nekton and benthic IBIs were also given a “high”
designation for aquatic life use and had two or fewer water quality pa-
rameters of concern or impairment. The only sites that received a
“limited” designation for aquatic life use were the low-scoring sites
NOR1 and NOR2, which exist along a stream with water quality con-
cerns surrounding bacteria, chlorophyll-a, and nitrate, and has signifi-
cant non-point source pollution related to agriculture(TCEQ 2022b).
Some mid- and low-scoring sites were given “high” (0SO1, 0SO2, SAN)
and “exceptional” (GUA) aquatic life use designations, despite concerns
surrounding bacteria, chlorophyll-a, nitrate, and/or total phosphorus,
and known municipal point-source discharges and/or non-point source
pollution from urban and stormwater runoff and adjacent grazelands
(TCEQ 2022b). ARR, another low-scoring site using the IBIs, also was
given a “high” aquatic life use designation, despite having the most
parameters of concern among sites in the Report. Water quality concerns
(depressed dissolved oxygen, chlorophyll-a, nitrate, and total phos-
phorus) and impairments (bacteria, depressed dissolved oxygen, Mer-
cury in edible tissue, and PCBs in edible tissue) from municipal and
industrial point source pollution and non-point source pollution related
to crop production, urban and stormwater runoff, and atmospheric
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deposition were all cited at ARR. Contrasting this study’s results with the
Report show that the IBIs may be a better, more conservative assessment
for aquatic life use suitability of southern Texas tidal streams.

Consideration of stream size may be useful in future tidal stream
studies because stream size can affect both the actual and sampled
community composition. Individual species’ abundances and measures
of diversity have been shown to differ for freshwater streams of different
orders, widths, and depths for fish (Harrel et al., 1967; Gorman and Karr,
1978; Walrath et al., 2016) and benthic macroinvertebrate communities
(Harrel and Doris 1968). However, these relationships between biotic
variables and physical characteristics are inconsistent among studies. In
contrast one tidal stream study found that species assemblages among a
tidal freshwater marsh system did not differ by stream order in Virginia,
USA (Rozas and Odum, 1987). In this study, stream size appears only to
be a potentially biasing characteristic of the nekton IBI developed in this
study because both stream size and thalweg depth are significantly
correlated with the nekton IBI scores. It is possible that differences in
community composition in this study and previous ones may be
perceived rather than actual because of differences in sampling effi-
ciency. Seining sampling efficiency becomes less reliable as stream
depth, width, and bottom structural complexity increase because seines
can only reasonably profile the near-bank and near-surface community
(Karr etal., 1986; Portt et al., 2006). However, communities collected by
both seine and otter trawl consisted of generally similar and consistent
sets of dominant taxa in several northeastern Texas tidal streams (Tolan
and Nelson, 2013). Stream size does not likely affect our benthic IBI
because benthic communities were sampled at similar depths regardless
of the thalweg depth in this study. These findings warrant future studies
to explore methodologies to reduce bias of scoring schema to stream size
parameters. Some IBIs (Karr et al., 1986; Hughes et al., 1998; Harris and
Silveira, 1999) utilize maximum species richness analyses to determine
their scoring schema, where threshold values that correspond with IBI
scores will differ with stream order or size. With future analyses, the
bioassessment potential of the nekton IBI may be improved by incor-
porating data from tidal streams with greater size disparities within
degraded and reference sites, or by implementing scoring criteria ad-
justments based on stream size.

In future refinements, further regionalizing the IBIs may minimize
impacts that the Texas coast climatic gradient and species biogeo-
graphical range limits have on community assemblages within the study
area. Precipitation rates decrease by a factor of two from the northeast to
the southwest along the Texas coast, with much greater decreases in
inflow occurring along the same gradient (Montagna et al., 2013;
Montagna et al., 2018). It is difficult to discern whether some selected
IBI metrics were truly indicative of degraded versus reference conditions
or merely reflected the biogeography of species along the coastal
gradient because degraded conditions were concentrated in the south-
ern, drier part of our study area. Both the nekton and benthic IBI scores
were significantly correlated with site latitude, where higher scores
were generally given to sites in the northern portion of the study area.
The inherent climatic variation appears to have influenced biological
community assemblages because most degraded sites were concentrated
in the southern half of the study area. An additional confounding factor
is that the northernmost native range of some nekton species (such as
Poecilia formosa, Herichthys cyanoguttatus, and Astyanax mexicanus) is the
Nueces River drainage. These species were inherently found more often
and in higher abundances in our southernmost streams, where degraded
sites were concentrated. While these species were not represented as
metric taxa within the IBIs, their presence did contribute to variation
between degraded and reference condition nekton assemblages. Varia-
tion between major climactic subregions and species biogeography
along a coastal gradient should be considered in future studies assessing
communities in tidal streams.

When developing tidal stream IBIs, resource managers should
consider incorporating multiple sampling sites along the lengthwise
(upstream-downstream) gradient that may minimize the effects of
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salinity on collected fauna, allowing for a more characteristic analysis of
the entire tidal stream reach. Previous studies determined that salinity
was a major structuring factor for nekton assemblages when charac-
terizing biological communities in Texas tidal streams (Tolan and
Nelson, 2009; Tolan and Nelson, 2013; Margo, 2020). This indicates that
it may be warranted to consider multiple sampling sites along the
salinity gradient within the tidal stream segment. Four streams in this
study (West Carancahua, Aransas River, Oso Creek, and North
Floodway) had two sites per tidal segment to discern if location along
this gradient affected nekton and benthic macroinfauna community
composition. For the nekton IBI, three (Aransas River, Oso Creek, and
North Floodway) of the four streams had lower mean scores at upstream
sites when compared to the downstream counterparts, while all four
downstream sites had higher mean scores in the benthic IBI. Although
the sample size in this study was too small to sufficiently test for
lengthwise effects, this indicates that the IBIs are potentially biased to
assign higher scores to assemblages with higher salinity levels. This
separation of scores for sites on the same stream indicates that, in
refining tidal stream IBIs, multiple sampling sites along the same tidal
segment should be included to incorporate the effects of salinity on the
metrics derived for the index.

In addition to accounting for lengthwise spatial differences, temporal
variation associated with these systems may be accounted for by
incorporating long-term monitoring into the construction of tidal stream
IBIs. Wide variations in salinity and tidal amplitude, often connected to
temporal tidal and climatic events, are major structuring factors for the
biotic and abiotic components of tidal streams (Odum et al., 1984;
Odum, 1988). The nekton IBI appeared to have relatively stable site
scores between years, while scores more notably decreased between the
spring and summer seasons, indicating seasonal variation may be a more
important structure factor in nekton communities than year-to-year
variation. The summer season, typically a time of minimum stream
flows, maximum temperatures, and minimum dissolved oxygen con-
centrations (Texas Commission on Environmental Quality (TCEQ),
2012), represents a higher stress portion of the year that influences
nekton community composition and, therefore, IBI scores. The benthic
IBI had a less predictable score response by site between years; for
example, LAV’s mean site score increased by 1.4, while SAN decreased
0.9. This inconsistency shows that benthic macroinfaunal assemblages
may be more responsive to site-specific variation than to major climatic
changes between years; however, additional data through time would
solidify relationships between faunal assemblages and temporal im-
pacts. Future studies may benefit from incorporating longer-term
monitoring data into IBI construction to reduce the impact on tempo-
ral variation in IBI scoring results.

5. Conclusion

Indices of biotic integrity have been lauded for their ability to be
implemented across multiple aquatic systems, regions, and taxa, to
easily communicate results, and to be implemented efficiently and at a
low cost (Karr, 1981; Simon and Lyons, 1995). The IBIs developed for
both nekton and benthic macroinfauna communities in southern Texas
tidal streams were somewhat successful in differentiating between
degraded and reference streams. However, the natural environmental
variation associated with tidal streams along the southern Texas coast
makes the interpretation of some selected metrics difficult, because
these systems are largely dominated by cosmopolitan taxa adapted to
variable environmental conditions, and are influenced by biogeographic
shifts in faunal assemblages along the coast’s natural climate gradient.
Regardless, this study provides an important first step in development of
bioassessment protocols to monitor these coastal resources, which often
lie at the edge of coastal development. In refining the IBI for tidal
streams along the Texas coast, future studies should consider: (1)
establishing a separate IBI for distinct climatic regions along the Texas
coast latitudinal gradient, (2) utilizing long-term monitoring data to
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establish baseline conditions that diminish the effects of seasonal and
inter-annual variation on biotic community structure, (3) establishing
multiple sampling sites along the tidal segment to account for the effects
of salinity on metric development and scoring, (4) analyzing stream size
for scoring criteria adjustments or supplemental sampling methodolo-
gies, and (5) testing the IBI on an independent data set not used in the
creation of the IBI. The indices developed in this study represent
improvement upon previous tidal stream monitoring programs in Texas,
which relied on only univariate physicochemical measures to list
streams as impaired. With refinements and validation, the IBIs could
enhance current tidal stream monitoring programs with a refined bio-
assessment approach, allowing resource managers to assess the ability of
tidal streams to support aquatic life more accurately and identify areas
most in need of management attention.
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